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The value of habitats in term s of biological production is of interest to ecologists and 
resource managers. Seagrasses are a commonly occurring habitat type in shallow marine 
waters and have been shown to support high abundances of fish and invertebrates. In lower 
Chesapeake Bay, seagrasses grow in a shallow fringe in the subtidal zone. Although, am ple 
evidence exists for the value of these habitats as foraging and rearing areas for a variety of 
organisms, the connectivity among species and the benefits derived from these habitats in 
terms of production have not been well described, especially for small, seasonally occurring 
finfishes. The main objective of this research was to document fish occurrence and 
abundance, describe trophic interactions within the seagrass community, and quantify 
export of biomass from the habitat using a model species to dem onstrate the value of these 
habitats in term s of finfish production.
To address the research objective, I employed a variety of models—statistical, 
ecosystem, and individual-based. In Chapter 1 ,1 conducted as census of finfishes in seagrass 
habitats and compared contemporary occurrences and abundances to data from the 1970s. 
This chapter showed that the fish fauna in these habitats is dominated by a small num ber of 
abundant and commonly occurring species, including Spot (Leiostomus xanthurus), Silver 
Perch (Bairdiella chrysoura), Bay Anchovy (Anchoa mitchilli), Atlantic Silverside (Menidia 
menidia), Dusky Pipefish [Syngnathus floridae), and Northern Pipefish [Syngnathusfuscus). 
While abundances had changed since the 1970s for some species, most w ere highly variable 
with no discernible trend. There was a small decrease in species richness from the historical 
dataset to the contemporary dataset and multivariate analysis showed a shift in community 
composition. The data from this chapter formed the basis for the ecosystem model 
developed in Chapter 2. In this model, biomass, production, and diet data w ere inputs, and 
using a mass-balance approach, a food web model was iteratively developed. There w ere 35 
model compartments in the model and scenarios based upon historical data and future 
projections were developed for comparison. Mesozooplankton were the m ost highly 
connected group, while piscivorous birds, several piscivorous fishes, and mesograzers were 
all considered keystone groups, controlling food web dynamics. In Chapter 3, an individual- 
based model was developed for Silver Perch, to assess growth and production within a 
seagrass hab ita t Because Silver Perch settle in this habitat, grow during the summer 
season, and migrate to deeper w aters in the fall, they were an appropriate model species for 
determining the contribution of seagrass habitats to  production. With high seasonal 
abundance and rapid growth (~0.19 g/d), this species contributes a considerable am ount of 
biomass to Chesapeake Bay, biomass that originates in seagrass habitats and moved via 
trophic transfer.
This study presents a quantitative view of community ecology in lower Chesapeake 
Bay seagrass habitats. With changing tem peratures and habitat loss, these habitats are at 
risk, and this study dem onstrates that their value to  the Chesapeake Bay food web extends 
beyond the small fringe of their occurrence.
FISHES IN SEAGRASS HABITATS:
SPECIES COMPOSITION, TROPHIC INTERACTIONS, AND PRODUCTION
INTRODUCTION
Background
Structured habitats, such as oyster reefs and seagrass beds support a greater 
diversity and abundance of fishes and invertebrates than nearby unstructured 
habitats (Orth 1977, Orth et al. 1984, Mattila et al. 1999, Heck et al. 2003). Of these 
structured habitats, seagrass is of prim ary importance in estuarine and shallow 
near-coastal areas for providing ecosystem services that include sedim ent 
stabilization, carbon sequestration, and habitat provisioning (Costanza et al. 1997, 
Orth et al. 2006). Along the Atlantic coast of the United States, eelgrass (Zostera 
marina L.) is the dominant seagrass species, typically growing as a fringe in the 
shallow subtidal zone. Eelgrass exhibits high levels of prim ary production, and 
serves as a substrate for epiphytic algae that grow on its leaf blades (Borowitzka et 
al. 2006). In turn, eelgrass supports an abundance of invertebrate consumers 
(Nelson 1979, Stoner 1980, van Montfrans et al. 1984, Fredette et al. 1990, Douglass 
et al. 2010, Ralph et al. 2013). Although rates of prim ary and secondary productivity 
associated with seagrasses, and eelgrass specifically, have been well documented, 
less attention has been given to biomass transfer to higher trophic levels and the 
subsequent movement of eelgrass-derived energy to neighboring habitats 
(Valentine et al. 2002, Heck et. al. 2008). While this function has been widely 
assumed, it has not been well quantified and a gap remains in our understanding of 
the overall contribution of seagrass meadows to coastal ecosystems, and especially 
fish production.
Seagrasses occur worldwide in coastal areas, contributing about 12% of net 
oceanic ecosystem production despite occupying only 0.15% of the ocean surface
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(Duarte and Cebrian 1996). In tem perate estuaries, such as Chesapeake Bay, 
seagrasses form a relatively small, but highly productive habitat in shallow sub-tidal 
areas, depth-limited by light availability. In mesohaline regions of Chesapeake Bay, 
widgeongrass, Ruppia maritima L. is present in addition to eelgrass. These species 
co-occur in most parts of the lower Bay, with eelgrass (the dominant species) 
occurring in deeper areas and widgeongrass more common in shallows; however, it 
is not uncommon to observe both species in the same depth stratum. Functionally, 
the differences between the species remain unresolved. Eelgrass is the dominant 
seagrass on the Atlantic and Pacific coasts of North America, ranging from North 
Carolina to the Bay of Fundy on the Atlantic and from Southern California to Alaska 
on the Pacific; eelgrass occurs in Europe and Asia as well, dem onstrating one of the 
widest global distributions of all seagrass species.
Submerged vegetation has been extensively documented as structural refuge 
for fishes in both freshwater and marine systems. Adams (1976a) showed that the 
majority of fish species using a North Carolina eelgrass bed at night were not 
feeding heavily (with the exception of silver perch, Bairdiella chrysoura), suggesting 
that increased nighttime fish biomass may be a result of fishes seeking refuge rather 
than foraging opportunities. Adams (1976b) also hypothesized that relatively lower 
abundances during the day may be a result of thermal stress, with shallow w aters 
warming to the point of being metabolically stressful for the fishes using them; 
cooler tem peratures at night would allow for re-occupation of these preferred 
habitats. However, studies in Chesapeake Bay (Orth and Heck 1980, W einstein and 
Brooks 1983, Heck and Thoman 1984, Olney and Boehlert 1988, and Lubbers et al. 
1990) showed that for both day and night samples, across a range of salinity, fishes 
(with the exception of spot, Leiostomus xanthurus, in the 1984 study) tended to be 
more abundant in seagrass beds than in unvegetated areas. Given the higher 
abundances of fishes of all feeding modes (including the presence of those not 
actively feeding) in eelgrass beds, it is likely that fishes in Chesapeake Bay use 
eelgrass beds for both refuge and feeding.
Numerous studies have shown that the prim ary food sources of fishes 
associated with submerged vegetation are small crustaceans, including amphipods,
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isopods, shrimp, and small crabs [e.g., Adams 1976b, Chao and Musick 1977,
Klumpp et al. 1989, Douglass et al. 2011). Valentine and Heck (1993) showed that 
the abundance and production of small seagrass-associated invertebrates and fishes 
in the Gulf of Mexico are some of the highest values reported among all types of 
marine communities. Complex, dense seagrass beds are likely to support higher 
abundances of both predators and prey (Wyda et al. 2002). The ability to support 
higher abundances of fauna at multiple trophic levels suggests both a foraging and 
refuge advantage for species using these habitats. Recent studies have shown that 
foraging success rates do not necessarily change with increasing complexity, but are 
species- and foraging strategy-dependent [Bostrom and Mattila 1999, Canion and 
Heck 2009, Hourinouchi et al. 2009). These studies support the value of seagrasses 
as both structural refuge and superior foraging habitat [Gillanders 2006).
Predation advantages for fishes using seagrass habitats have been well 
documented; however, quantitative data showing the value of seagrasses in term s of 
biomass export from the beds themselves to the adjacent marine system are lacking 
[Heck et al. 2008). However, recent studies have shown the movement of seagrass 
production away from seagrass habitats via m igratory fishes [Nelson et al. 2011, 
2013), as well as the value of this habitat type to commercially im portant species 
often found elsewhere during their adult stage [Bertelli and Unsworth 2014), 
extending the scope of the importance of this habitat. In lower Chesapeake Bay, 
many fish species are seasonally abundant in seagrass habitats, exhibiting 
considerable growth over short periods of time during the warm sum m er months.
As these organisms move to other habitats within the Bay and offshore, much of the 
production gained from seasonal growth in seagrass beds may be transferred to 
higher-trophic levels, in essence producing a cross-habitat subsidy from benthically- 
driven eelgrass beds to the broader coastal marine ecosystem.
While cross-habitat subsidies have been documented in many ecosystems 
[e.g., terrestrial forests, Cadenasso and Pickett 2000; marine riparian zones, Polis 
and Hurd 1996; riverine systems, Wipfli and Baxter 2010), the extent of habitat 
connectivity via resource subsidies in open marine systems has not been extensively 
studied [but see Connolly et al. 2005, Cowen et al 2006, W ernberg 2006, Schlacher
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et al. 2009, and Howe 2013 for recent work). W here fishes are selecting for 
preferential habitat types, such as eelgrass beds, they may be driving cross-habitat 
subsidies via trophic connections (mesograzer-forage fish-predator) as well as via 
by-products such as feces. Polis et al. (1997) showed cross-ecosystem subsidies 
(allochthonous fluxes of energy—via organisms or nutrients) to have a positive 
impact on production in receiving systems. As "active" inputs, fishes moving 
between habitats may influence energy flow via habitat selection (Kraus et al. 2011). 
Food web spatial subsidy, the flow of material and organisms among habitats, is a 
key component of population dynamics, energetics, and the structure of food webs 
(Polis and Hurd 1996). While this subsidy has been hypothesized for seagrass 
systems (Heck et al. 2008), directly measuring energy flow in open systems is a 
difficult undertaking.
Despite the importance of seagrass habitats in marine systems, increasing 
anthropogenic disturbance has resulted in dramatic declines in density and 
occurrence of seagrasses in m ost coastal areas (Waycott e t al. 2009), including the 
loss of eelgrass in Chesapeake Bay (Moore and Jarvis 2008, Orth et al. 2010). Light- 
limitation is often cited as the cause of seagrass decline in Chesapeake Bay, but 
warming seawater tem perature may also be contributing to loss, as Chesapeake Bay 
is at the southern extent of the range of Zostera marina (Moore and Jarvis 2008). 
This habitat loss likely has profound effects on species that associate directly with 
these plants. Species that have high habitat fidelity to seagrasses, such as pipefishes 
and seahorses (Family Syngnathidae) that are often observed intertw ined with the 
plants, may be particularly impacted by declining seagrass coverage (Hughes et al. 
2009). However, the potential loss of habitat for transient species is also of concern, 
potentially limiting the availability of prey during im portant periods of growth or 
resulting in a loss of structure for juvenile refuge at tim es critical for survival. While 
seagrass habitats support high abundances of juvenile fishes (Heck et al. 2003, 
Bloomfield and Gillanders 2005, Bertelli and Unsworth 2014), the impact of large- 
scale habitat disruption on trophic transfer is unknown, but potentially im portan t
In addition to habitat loss, rising seaw ater tem peratures will impact 
organisms inhabiting seagrass meadows. With w ater tem peratures ranging from
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1°C to over 33°C, Chesapeake Bay experiences one of the most extreme tem perature 
regimes of any water body in the world (Murdy et al. 1997). As a result of this broad 
tem perature range, strong seasonal patterns within fish and invertebrate 
communities occur (Buchheister et al. 2013). Increasing w ater tem peratures will 
affect all levels of biological organization, starting with cellular processes strained 
by the increased metabolic costs of high tem peratures, and continuing through 
communities, where there will be both w inners and losers in multispecies 
assemblages (Roessig et al. 2004).
Due to the shallow depths of seagrass habitats, tem peratures can be some the 
most extreme experienced in Chesapeake Bay, with sum m er daytime high 
tem peratures approaching 34°C. While many species inhabiting seagrasses are 
temperate, extreme summer tem peratures may be inhospitable to some species, 
especially those living near their thermal tolerances, making them particularly 
susceptible to climate change (Kennedy 1990). Researchers have noted shifting 
distributions of fishes (Nye et al. 2009, Fodrie et al. 2010, Pinsky et al. 2013), 
including in the Atlantic Ocean, and if tem perature continues to rise as projected 
(Najjar et al. 2010, Stocker et al. 2013), the impacts to fish and fisheries will increase 
(Hollowed et al. 2013). Understanding, a t organismal, as well as at population and 
community levels, of how fishes, their habitats, and their predators and prey will be 
impacted is critical for mitigating effects to fish and fisheries.
The combination of increasing tem perature and shifting distributions of 
species, along with habitat loss, has the potential to greatly impact food webs in 
coastal systems, such as Chesapeake Bay. However Chesapeake Bay is not unique 
and it should be noted that many estuaries world-wide face these same impacts, 
brought on by direct and indirect human disturbances. Much research has been 
conducted on the impacts of global change for prim ary producers (Vitousek et al. 
1997, Falkowski et al. 1998, Orth et al. 2006, Cloern and Jassby 2008) and upper 
trophic levels (Jackson et al. 2001, Estes et al. 2011). However, understanding basic 
ecology and response to anthropogenic change a t the lower and mid-levels of the 
food web has been relatively understudied, especially for species with little 
commercial importance. Increasingly, coastal habitats known to support low-level
6
consumers are being disrupted despite an incomplete understanding of the 
ramifications for the ecosystem at large (Lotze etal. 2006, Airoldi et al. 2008).
Dissertation Rationale and Summary
With the understanding that structured habitats, such as seagrasses, are 
important for fishes in lower Chesapeake Bay, but lacking the measurable 
contribution of this habitat type to fisheries production, I set out to bridge the 
existing data gaps in this area for this dissertation research. In Chapter 1 ,1 update 
distribution and abundance data for fishes in seagrass habitats. With over 30 years 
since the last systematic survey of this habitat, collecting contem porary data to 
underpin the rest of the work was necessary. Because of extensive changes to the 
system in the intervening time, a formal comparison was made betw een the last 
systematic survey (Orth and Heck 1980) and the data collected as part of this 
dissertation. While distribution and abundance data indicate the main players 
among the nekton in these habitats, an im portant step towards realized function is 
trophic transfer. Chapter 2 uses the abundance and biomass data, along with fish 
diets, and numerous supporting pieces of data to build a mass-balanced ecosystem 
food web model for a representative seagrass habitat. I analyzed food web dynamics 
using both a topological approach and energy flow approach to highlight im portant 
organisms and express the stability of the system. Where the ecosystem model 
provided a broad-brush look at trophic interactions in this habitat, the resolution on 
individual compartments was low. So, to determ ine the contribution of a model 
species rearing in this habitat, I used an individual-based model to estim ate 
seasonal growth of an abundant seagrass fish. This is presented in Chapter 3 and 
links individual growth with estim ates of abundance to evaluate overall production 
over a growing season. While this work stops short of quantifying the total am ount 
of biomass leaving the habitat, given an understanding of seasonal migration 
patterns for many of the fish species, the results from this third chapter provide an 
example of quantified contribution to the Chesapeake Bay ecosystem from one 
example species.
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In summary, the main objective of my research was to document fish 
occurrence and abundance, describe trophic interactions within the seagrass 
community, and quantify export of biomass using a model species to dem onstrate 
the value of seagrass meadows in term s of finfish production. 1 employed a variety 
of models—statistical, ecosystem, and individual-based—to address my research 
objectives. Underpinning the models was an extensive field program that gathered 
distribution, abundance, diet, and growth data for finfish, as well associated 
environmental data. The combination of field science and modeling aided in 
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CHAPTER 1
HISTORICAL COMPARISON OF FISH COMMUNITY STRUCTURE IN LOWER 
CHESAPEAKE BAY SEAGRASS HABITATS
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ABSTRACT
Seagrass beds provide im portant habitat for fishes and invertebrates in many 
regions around the world. Accordingly, changes in seagrass coverage may affect fish 
communities and /o r populations, given that many species utilize these habitats 
during vulnerable early life history stages. In lower Chesapeake Bay, seagrass 
distribution has contracted appreciably over recent decades due to decreased w ater 
clarity and increased water tem perature; however, effects of changing vegetated 
habitat on fish community structure have not been well documented. We compared 
fish community composition data collected at similar seagrass sites from 1976-1977 
and 2009-2011 to investigate potential changes in species richness, community 
composition, and relative abundance within these habitats. While seagrass coverage 
at the specific study sites did not vary considerably between time periods, 
contemporary species richness was lower and multivariate analysis showed that 
assemblages differed between the two datasets. The majority of sampled species 
were common to both datasets but several species were exclusive to only one 
dataset. For some species, relative abundances were similar between the two 
datasets, while for others, there were notable differences without directional 
uniformity. Spot {Leiostomus xanthurus) and northern pipefish [Syngnathus Juscus) 
were considerably less abundant in the contem porary dataset, while dusky pipefish 
[Syngnathus floridae) was more abundant Observed changes in community 
structure may be more attributable to higher overall Bay water tem perature in 
recent years and other anthropogenic influences than to changes in seagrass 
coverage at our study sites.
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INTRODUCTION
Structured habitats such as oyster reefs and seagrass beds support a greater 
diversity and abundance of fishes and invertebrates than nearby unstructured 
habitats (Heck et al. 2003, Mattila et al. 1999, Orth 1977, Orth et al. 1984, Pihl 2006}. 
Of these structured habitats, seagrass is of prim ary importance in estuarine and 
shallow near-coastal areas for providing ecosystem services such as habitat 
provisioning (Orth et al. 2006). In Chesapeake Bay, eelgrass (Zostera marina) and 
widgeongrass (Ruppia maritima) are the dom inant seagrass species, typically 
growing as a fringe in the shallow subtidal zone. While the relatively high 
abundances of fishes using these habitats are often attributed to availability of prey 
(Douglass et al. 2010, Fredette e t al. 1990, van Montfrans et al. 1984), the structural 
components of seagrass habitats may also be im portant for attracting fishes seeking 
refuge (Gillanders 2006). In this sense, seagrasses provide both refuge and feeding 
opportunities for mobile species, such as finfishes and crabs, often at early life 
stages when growth is critical for survival (Houde et al. 1987).
Increasing anthropogenic disturbance has resulted in dram atic declines in 
occurrence and density of seagrasses in most coastal areas (Waycott et al. 2009), 
including the loss of eelgrass in portions of Chesapeake Bay (Orth et al. 2010). While 
light-limitation resulting from eutrophication and sedim ent run-off is often cited as 
the cause of seagrass decline in Chesapeake Bay, warm ing sea surface tem peratures 
may also be contributing to loss, particularly for eelgrass, as Chesapeake Bay is near 
the southern extent of its range. During recent years, warm Bay w ater tem peratures 
(>30°C) during the summer months have been implicated in significant eelgrass die
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offs (Moore and Jarvis 2008, Orth et al. 2011]. Given the projection for continued 
tem perature increases, sea level rise, and increasing run-off due to more intense 
rain events in this region (Najjar et al. 2010), the cumulative impacts to eelgrass in 
Chesapeake Bay may result in further loss of vegetated hab ita t
In addition to changing the physical environm ent through warm ing and 
different rainfall patterns, climate change has been implicated in a diversity of 
ecological responses. These include organismal responses, such as physiological 
changes (Portner 2010), community responses, such as strengthening or weakening 
competitive interactions (Kordas et al. 2011), and ecosystem responses, such as 
shifting distributions of species (Hare et al. 2010, W alther et al. 2002). Additionally, 
response is likely to vary by species and with environmental conditions external to 
climate (e.g., resource availability, O’Connor 2009). Climate change has been shown 
to impact fish assemblages in other regions by increasing the presence of species 
once considered endemic to warmer, m ore tropical w aters (Fodrie et al. 2010) and 
shifting the center of biomass pole-ward, to colder water, for selected species (Nye 
et al. 2009). Impacts to species distributions will almost certainly change the 
occurrence, timing, and abundance of species within certain specific habitat types, 
such as shallow water seagrass habitats, which may be differentially impacted by 
climate change.
Reduced seagrass habitat in Chesapeake Bay is likely detrim ental not only in
terms of lost primary production, but in its effects on species that inhabit this
biotope. Organisms that associate directly with the plants, such as m esograzer
crustaceans, fishes in the syngnathid family (pipefishes and seahorses), and young-
of-the-year sciaenids (drums) may be m ost impacted by seagrass loss due to
contraction of rearing habitat within the Bay. Additionally, the potential loss of
seagrass is also of concern for larger, more transient piscivorous species—adult
summer flounder (Paralichthys dentatus), speckled trou t (Cynoscion nebulosus),
bluefish [Pomatomus saltatrix), and striped bass [Morone saxatilis) are all common
visitors to seagrass beds in this region—potentially limiting foraging opportunities
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in these shallow habitats and the export of associated secondary production via 
trophic transfer within mobile predators (Heck et al. 2008).
Despite the importance of seagrass habitats for many coastal fish species and 
the overall decline in seagrass coverage in Chesapeake Bay over recent decades, 
temporal changes in the associated fish community have not been well documented. 
Failure to characterize such changes may have implications for understanding the 
continued function of these habitats and the local population dynamics of the 
species utilizing them. In this study, we investigated potential changes in fish 
community composition within seagrass habitats in lower Chesapeake Bay by 
comparing the distribution, species richness, and relative abundance from new 
collections made during 2009-2011 to those made in 1976-1977 (Orth and Heck 
1980). We used existing data from other surveys, including surveys of seagrass 
coverage, w ater temperature, and juvenile fishes collected in areas surrounding our 
seagrass study sites, to corroborate findings from the temporal endpoints used in 
this study. The null hypothesis is that there has been no change in fish species 
diversity and relative abundance in seagrass habitats over the thirty year period; it 
was our hypothesis that a decrease in seagrass habitat availability and increased 
anthropogenic stress (especially related to w ater quality) would negatively impact 





All work was conducted in lower Chesapeake Bay, USA, in the polyhaline 
region of the Bay at the mouth of the York River, Virginia (Fig. 1). Data collected at 
two sites during 1976-1977 w ere included in the present analysis: Guinea Marsh 
and Browns Bay (Orth and Heck 1980). For comparability, the Browns Bay site was 
also sampled in the contemporary study (2009-2011), in addition to two other sites, 
Pepper Creek and Goodwin Islands. The Goodwin Islands site is w ithin the 
Chesapeake Bay National Estuarine Research Reserve and was chosen in place of 
Guinea Marsh for the availability of complementary data from ongoing research at 
that location. Sites were generally selected for the presence of seagrass beds with 
high plant density and for their similarity in physical properties, including shallow 
slope, broad open-facing shorelines, and similar w ater properties.
Habitat
Seagrass coverage in lower Chesapeake Bay has been m onitored by the 
Virginia Institute of Marine Science Submerged Aquatic Vegetation Program (VIMS 
SAV Program) using aerial photography since the early 1970s (see Moore et al. 
2009, Orth et al. 2010 for methods). Seagrass coverage—which includes both 
eelgrass and widgeongrass found in this region, present in mono-specific stands of 
either species or co-occurring—was mapped using ArcGIS to compare layers from 
the late 1970s (specifically 1978 since it represented the best available data from 
that time period) and 2010. Additionally, changes in percent cover, m easured using 
a modified cover scale (Moore et al. 2009) w ere analyzed across the two time
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periods. For this analysis, an estim ate of SAV density within each bed was made by 
visually comparing each bed to an enlarged crown density scale, as used in forestry 
surveys [Paine 1981). Bed density was categorized into one of four classes based on 
a subjective comparison with the cover scale. The categories are: very sparse [<10% 
coverage); sparse (10-40%); m oderate (40-70%); or dense (70-100%). Either the 
entire bed or subsections within the bed (if seagrass was heterogeneously 
distributed) were assigned a bed cover estim ate corresponding to the above density 
classes. Coverage of seagrass from the aerial survey was found to correlate well with 
coverage determined by ground surveys (Moore at al. 2000). In addition, ground 
cover was also found to be a good estim ate of biomass and density (Orth and Moore 
1988).
Temperature and salinity w ere m easured once from mid-water during each 
sampling event at a given site during both time periods; dissolved oxygen was also 
measured in the same m anner for the contem porary d a tase t Because in situ 
tem perature collection in shallow w aters can be highly variable by time of day, a 
long-term dataset of mean monthly seaw ater tem peratures collected in the York 
River from the VIMS ferry pier (1970-2003) and from a buoyed continuous 
monitoring station adjacent to the ferry pier location (2004-present, Virginia 
Estuarine and Coastal Observing System, YRK005.40,
http://www3.vim s.edu/vecos/Default.aspx,) was used to evaluate trends over the 
30-year study period.
Fish Sampling
To characterize the distribution and relative abundance of nekton in lower 
Chesapeake Bay seagrass beds, fishes were collected using a 4.9-m otter trawl 
towed from a shallow-draft vessel through seagrass habitats. The m ethods used for 
the 1970s dataset (Orth and Heck 1980, hereafter referred to as "historical") and the 
more recent collections (hereafter referred to as "contemporary”) w ere similar
(Table 1), with four to six replicate trawls taken at each site on each sampling day.
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Each tow was two minutes in duration and each set was non-overlapping.
Therefore, sampling effort was defined to be a single trawl tow and relative 
abundance was defined as catch-per-unit-effort (CPUE) with units of num bers of 
fish captured per tow. Sites were visited monthly in the historical sampling program 
and twice-monthly in the contemporary effort. For the contemporary data 
collection, tow length, boat speed-over-ground and direction w ere recorded with a 
high precision GPS unit [Trimble GeoXT 2005 Series).
For the contemporary dataset, fishes w ere brought onboard and identified, 
enumerated, and measured [length) in the field; individuals [mostly juveniles) that 
could not be identified in the field were taken back to the lab for further analysis. 
Data were entered on field datasheets and transferred into a spreadsheet once in 
the lab. For the historical dataset, trawl samples w ere brought onboard and 
returned to the laboratory for species identification and measuring [length); 
original data sheets were obtained and data w ere recently transferred to a 
spreadsheet for analysis. All count data for both datasets used in the present 
analysis were checked for accuracy by a second researcher.
Data Analysis
Data storage, manipulation, and sum m ary analyses were perform ed in 
Microsoft Excel and all statistical analyses were perform ed in R (R Development 
Core Team 2011) and Primer v6 (Clarke and Gorley 2006). Individual species 
relative abundances and overall species richness w ere analyzed using generalized 
linear models (GLM, McCullagh and Nelder 1989, Venables and Dichmont 2004). 
Species richness data were assumed to follow the Poisson distribution, given that 
there was weak evidence of over-dispersion (<b deviance= 0.946), while CPUE data 
were modeled with the negative binomial distribution. In both cases, the log link 
function was used to relate the observed data to the predictive model. To account 
for the higher sampling effort in the contem porary collection, rarefaction curves
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(Gotelli and Colwell 2001) were generated for comparative analysis of species 
richness.
The categorical factors dataset (historical or contemporary), month (calendar 
month), and region (defined as York River for the Guinea Marsh and Goodwin 
Islands sites or Mobjack Bay for the Browns Bay historical and contem porary and 
Pepper Creek Sites) were used in the analyses; region was used instead of site to 
aggregate data where samples w ere limited (i.e., not every site/region was sampled 
in every month) and /or the data w ere unbalanced. Model input was limited to 
seasonal data (April-October), since many cold-water samples had low abundances 
(1-5 individuals collected) or zeroes. Interaction effects w ere included in candidate 
models and model comparison was achieved using Akaike’s Information Criterion 
(AIC), where AlC=-2*log-IikeIihood + 2p, where p is the num ber of param eters in the 
fitted model. Model results are presented with the AIC score of the best model, 
followed by the AAIC scores for all subsequent models; AAIC reflects the difference 
in score between the best model and a given model. All selected models included 
dataset, as it was considered the prim ary factor of in terest to address the overall 
question for the study (i.e., are there differences in response variables, such as 
species abundance and species richness, between the historical and contem porary 
datasets?). Analysis of deviance was used to validate model selection and model- 
derived predictions of abundances w ere made using the best model with methods 
described in Maunder and Punt (2004) and Zuur et al. (2009).
Community analysis was approached using multivariate non-metric
multidimensional scaling (NMDS), an ordination technique, in Prim er v6. Input data
were mean species abundances from replicate tows on each sampling date a t each
site from the full dataset (all months). To account for the underlying lognormal
distribution offish relative abundance data, geometric means were used with the
understanding that these values are biased low (Limpert et al. 2011). The Bray-
Curtis similarity measure was used to generate the resemblance matrix; to account
for samples with zero catches, a dummy variable was added to the data matrix to
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maintain these (mostly wintertime] samples in the analysis. To generate the NMDS 
plots, 100 random starts were used and 2-d solutions w ere considered. The analysis 
of similarity (ANOSIM) procedure was used to test for differences among groups 
(dataset, month, site). Nine-hundred and ninety-nine perm utations w ere computed 
and the sample statistics (Global R values) and significance levels are provided; 
significance values are pseudo-p values. If the Global R values indicated significant 
differences among groups, pairwise comparisons w ere evaluated through an 
additional permutation procedure involving the pairs of in terest If differences 
within groups were observed, we used the Similarity Percentages (SIMPER) routine 
to determine which taxa were driving group differences.
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RESULTS
Seagrass Abundance and Cover
In the study area (Mobjack Bay and the mouth of the York River), seagrass 
abundance has been variable between the temporal periods considered (Fig. 2). 
Approximately 2755 ha were present in 1978 (the best available data for the period 
of the historical survey), with 75% of this area having cover greater than 40%. 
Seagrass abundance increased through the 1980s and 1990s, reaching peak 
abundance in 1997 of approximately 4433 ha. Subsequent to the late 1990s, 
seagrass coverage declined, reaching the lowest levels of the last 40 years in 2006, 
when 2183 ha were reported. Abundance has since rebounded to 3287 ha when the 
contemporary study was conducted, w ith about half that area reported as having 
greater than 40% cover.
To evaluate spatial changes in seagrass distribution, the 1978 and 2010 
seagrass GIS layers were mapped together. Most of the seagrass habitat in the 
region was common to both data layers (Fig. SI). Recession from the leading edges 
(deeper portions of beds) was prom inent from the 1978 layer when compared to 
2010, while some areas, like the Goodwin Islands, showed increased coverage in 
2010. Unlike more upstream (less saline) areas, eelgrass loss from the polyhaline 
portions of Chesapeake Bay, and specifically, the mouth of the York River has not 
been as extensive over this 30-year time period.
Water Quality
Field-collected water tem peratures w ere similar between the two time 
periods. In the historical dataset, tem peratures ranged from 0.5°C in February to
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30°C in July. In the contemporary dataset, the coldest w ater tem perature sampled 
was 10.6°C in March 2010 and the w arm est was 32.1°C in July 2010; however, 
w ater tem peratures recorded near the Goodwin Islands sampling site (Virginia 
Estuarine and Coastal Observing System Continuous Monitoring Station CHE019.38) 
showed tem peratures to be as low as 0.5°C in January 2010 (data from this station 
correspond well with field-collected measurem ents). Mean summer tem peratures 
(defined as the average tem perature from May-Aug.) for each year of the study w ere 
tabulated and not significantly different (1976: 23.3°C, 1977: 25.2°C, 2009: 26.1°C, 
2010: 25.6°C, and 2011: 24.9°C, ANOVA, p<0.35). Long-term seaw ater monitoring 
data for the 30-year study period show high inter-annual variability and an overall 
warming trend over the 30-year period. The mean seaw ater tem perature in the 
York River is about 1°C w arm er presently than in the late 1970s, based on simple 
linear regression (slope=0.025°C/year, Fig. 3).
The summary statistics of field-collected salinity m easurem ents were similar 
for both time periods, with a range of 15-21.4 ppt and a mean of 19.3 ppt in the 
historical dataset and a range of 13.1-23.2 ppt and a mean of 19.4 ppt in the 
contemporary dataset. In general, salinities w ere lowest in the spring months 
(April-June) and highest during the late summ er (September-October). Dissolved 
oxygen measurements are unavailable for the historical dataset, but ranged from 
4.66-10.3 mg/L for the contem porary da tase t
Fishes
Assemblage Summary
A total of 41 species were collected in the historical dataset and 38 species in 
the contemporary dataset, with 31 of these species common to both datasets (Table 
2). Most of the species collected w ere small m esopredators, with overall mean size 
of 83.0 mm (historical grand mean=82.8 mm, contem porary grand mean=83.2, 
mean length for each species is provided in Table 2). Size ranges of the fishes
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captured were similar for both periods (10 mm-510 mm for the historical dataset 
and 15 mm-480 mm for the contem porary dataset).
The most commonly occurring and most abundant fish species (based on 
mean CPUE) were similar for the two time periods: spot {Leiostomus xanthurus), 
silver perch (Bairdiella chrysoura), northern pipefish (Syngnathus fuscus), dusky 
pipefish (5. floridae), bay anchovy (Anchoa mitchilli), and Atlantic silverside 
(Menidia menidia) (Fig. 4). These six species made up over 90% of the total catch 
from both time periods (cumulative frequency of 93.4% for the historical and 94.8% 
for the contemporary); there was no significant difference in mean length for these 
species (t-tests, p<0.01, with the exception of spot, for which adequate length data 
were lacking from the historical dataset). Spot was the m ost abundant species 
during both time periods; however, its relative proportion was much higher in the 
historical dataset, comprising 57.2% of the catch compared to only 40% in the 
contemporary dataset. Northern pipefish comprised 18.9% of the historical catch, 
but only 6.8% of the contemporary catch. Conversely, silver perch were much more 
numerous in the contemporary dataset, accounting for 20.3% of the catch, but only 
4.5% in the historical dataset.
In both datasets, many of the species collected w ere rare, occurring 
infrequently or in low relative abundances, often during specific time periods. In the 
historical dataset, there were 12 species with fewer than 5 individuals collected and 
there were 9 such species in the contem porary dataset. During both time periods,
20 species (about half) occurred in fewer than 5% of the samples collected (Table 
2), although the identity of these species differed by d a tase t Overall, collections 
from both time periods revealed that a few species were very abundant, while many 
species occurred occasionally.
There were several species that w ere collected in one dataset but not the
other (Table 2, species in bold type). Most of these species (e.g., Atlantic menhaden,
Brevoortia tyrannus, spotfin butterfly fish, Chaetodon ocellatus, and gag grouper,
Mycteroperca microlepis) were collected in one or two tows and in low relative
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abundances. However, several of these species were collected frequently an d /o r in 
high relative abundances (Table 2, species in bold type marked with asterisks). 
Atlantic spadefish (Chaetodipterus faber), for example, was absent from the 
historical dataset, but was the 12th m ost common species in the contem porary 
dataset, where 54 individuals w ere collected in 30 trawl tows (occurring in over 
10% of the samples collected). Similarly, northern kingfish [Menticirrhus saxatilis), 
was collected in over 20% of the contem porary samples, with over 150 individuals 
captured, making it the 7th most common species. Weakfish (Cynoscion regalis) was 
another species that occurred commonly in the contemporary dataset, ranking as 
the 11th most common species, with 76 individuals collected, but was absent in the 
historical dataset. For each of these three species, the fishes collected in the 
contemporary survey were young-of-the-year (YOY) individuals, w ith mean lengths 
less than 65 mm.
Notably absent from the contem porary dataset w ere tautog (Tautoga onitis) 
and winter flounder (Pseudopleuronectes americanus), which were the 13th and 15th 
most relatively abundant species in the historical dataset (48 and 42 individuals 
collected, respectively). Again, the individuals collected were juveniles (tautog mean 
length=126.5 mm, w inter flounder mean length=89.1 mm), with both species 
occurring in over 16% of the samples. Sheepshead minnow (Cyprinodon variegatus) 
and inland silverside (Menidia beryHina) w ere two other species that occurred 
commonly in the historical dataset but w ere absent in the contem porary dataset.
There was a distinct seasonality to both datasets, with peak abundances
occurring during the summ er months when YOY individuals, especially spot and
silver perch, were common (Fig. 5). In both datasets, the peak relative abundance of
spot was from late May to early June, with declines following this time. The silver
perch peak relative abundance was later and not consistent across time periods—
September in the historical dataset and late July in the contemporary, although
there was variability in this timing across the three years sampled within the
contemporary dataset. In the w inter months in both datasets, several trawl tows
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were devoid of fish completely, and in general, CPUE was extremely low during this 
season.
Species Abundances
Relative abundances for a subset of species were analyzed using GLMs; these 
species included the six most common species, as well as hogchoker (Trinectes 
maculatus, a common species with high abundance in Chesapeake Bay), speckled 
trout (Cynoscion nebulosus, a common seagrass inhabitant) and sum m er flounder 
(Paralichthys dentatus, a commercially and recreationally im portant species known 
to use seagrass habitats) (Table 3). For most species, the best fitting models (those 
with the lowest AIC scores) were the full models (CPUE ~  Dataset*Month*Region), 
exceptions were hogchoker and speckled trout, where reduced models had the best 
fit (however, it is im portant to note that data for these species were sparse, 
especially for hogchoker in the historical dataset). In m ost cases there were 
significant interaction effects involving month, meaning that the response was 
inconsistent by dataset an d /o r region at varying levels of month. These interaction 
effects varied by species, with no general temporal pattern (i.e., disparate data 
patterns were not confined to one m onth/season).
The presence of significant interactions limits our ability to draw  inferences 
about the main effects in the models. However, some general patterns emerged from 
our analysis. Region was not a significant factor in many of the candidate models, 
suggesting that the areas sampled have similar species-specific relative abundances. 
Month, on the other hand, was a significant factor in m ost models; additionally, 
when an assessment of explained deviance was conducted, month typically had the 
most explanatory power. Models including a tem perature or a season factor (with 
levels Winter, Spring, Summer and Fall) rather than month were considered; 
however, these models had considerably higher AIC scores, probably due to the fact 
that the assigned seasons form a composite of months where catches were generally 
quite different and w ater tem perature alone does not account for recruitm ent
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timing for many YOY fishes sampled. For m ost species, dataset was found to be a 
significant explanatory factor.
Predicted CPUE values from the model fits showed that spot, Atlantic 
silverside, northern pipefish, and sum m er flounder decreased in abundance across 
datasets, and dusky pipefish and hogchoker showed an increase; silver perch 
showed little difference, despite considerably higher CPUE in the contem porary data 
set (Fig. 6, most common species presented). Standard errors associated with the 
model output showed much higher variability around the predicted historical values 
than the predicted contemporary values, which is likely due to higher num ber of 
samples in the contemporary dataset. In general, the am ount of variation explained 
by the GLMs was moderate, as expected with field collected fish data, with the best 
models explaining from 28-58% of the total deviance.
Species Richness
Total species richness was similar for both time periods (41 species in the 
historical dataset, 38 in the contem porary dataset). Rarefaction curves, when 
standardized for total number of individuals collected, showed the effective species 
richness of the contemporary dataset to be 33 species, versus 38 species when all 
samples were used. Species richness and the associated variance w ere both highest 
in the late summer months and lowest in the w inter months for both time periods 
(Fig. 7); the high late-summer values reflect the presence of both young-of-the-year 
individuals of species which have recruited from spring and sum m er spawning 
periods (e.g., silver perch, spot, northern kingfish, and weakfish) and w arm -w ater 
visitors to the bay (e.g., gag grouper, Atlantic spadefish, Florida pompano). 
Additionally, it should be noted that higher variances surrounding the historical 
data points are likely due to fewer samples collected for a particular month.
We analyzed potential differences in species richness using GLMs on a 
reduced dataset (reduced to sum m er data, April-October). The saturated model 
(SR~Dataset*Month*Region) had the lowest AIC value and explained 30.1% of the
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total deviance (Table 4). A reduced model including dataset, month, and the 
corresponding interaction term between the two
[SR~Dataset+Month+Dataset*Month) was the second best candidate model 
(AAIC=7.4); the minor difference in AIC scores between this model and the reduced 
model including region (7.4 versus 9.4) shows little preference for the model 
including region, suggesting that this factor was not as im portant in explaining 
variance in species richness. In an effort to isolate the effect due to dataset, we also 
considered a model with month alone and the fit was considerably worse 
(AAIC=33.2), suggesting that dataset is a valuable explanatory factor. When 
validated with analysis of deviance, month was considered a highly significant factor 
(p<0.0001) and dataset was also significant (p<0.05), additionally, interactions 
involving month and dataset w ere significant
For all best fitting models, the coefficient for dataset was negative, indicating 
that species richness values w ere lower in the contem porary dataset than in the 
historical dataset (this is likely a conservative finding, as model input data did not 
use rarified species richness numbers). The presence of a significant interaction in 
the full model confounds our inferences; however, an examination of the interaction 
plots for species richness models showed that the August species richness values 
were notably different than the others. For the August samples, species richness was 
lower in the historical dataset, while for all other months, species richness was 
higher in the historical dataset than in the contem porary d ataset With the 
understanding that a single month is driving the interaction between dataset and 
month in our models, it seems reasonable to infer that the trend is tow ard decreased 
species richness over time across the two datasets.
Community Composition
Multivariate analysis was used to assess changes in community composition 
between the two sampling periods (historical and contemporary), as well as
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seasonal and site differences. The input data included 82 aggregated samples 
(means from each site/date) and 48 species of fish. The best NMDS solution was a 2- 
d solution with a minimum stress value of 0.14, occurring in 55 of 100 random  
starts (stress is an indicator of model fit, with lower values indicating better fit and 
values >0.2 resulting in difficulty in interpretation (Clarke and Warwick 2001)).
When the NMDS plot was labeled by month, there was a group of colder- 
w eather (November, December, February, March and April) points around the 
perim eter of the rest of the samples, which w ere from summ er months. To look for 
differences in fish community across months, we used the ANOSIM routine, which 
resulted in a Global R value of 0.434 and a significance level of 0.001, indicating 
there were strong differences between months. Evaluation of the pairwise (month- 
to-month) comparisons confirmed that samples from colder-weather m onths were 
most different from those collected in w arm er-w eather months.
A visual inspection of the NMDS plot labeled by site showed no 
differentiation in community composition between the five sampling sites (Browns 
Bay was coded and treated as two sites, one from the historical dataset and one 
from the contemporary dataset). The ANOSIM results confirmed this inference with 
the Global R of 0.055 falling within the expected random distribution and the 
significance level of 0.072. Because of our interest in possible differences at the 
Browns Bay site (the only site common to both datasets), the pairwise test for the 
Browns Bay historical and contem porary sites was evaluated, despite the non­
significance of the Global R statistic. There w ere differences in the fish community at 
this site, with a significance of 0.028.
The main factor of interest was dataset, providing the comparison of the
1970s and 2009-2011 fish assemblage data. Visual inspection of the NMDS plot with
samples labeled by dataset did not reveal an obvious clustering by time period.
However, ANOSIM results indicated differences between the two datasets (Global
R=0.174, significance=0.002). Because of the recognized seasonal effect, we
conducted an additional ANOSIM analysis, with dataset nested within season
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(levels: spring, summer, fall, w inter). Again, there w ere significant differences 
between the two groups (historical and contemporary, Global R=0.219, 
significance=0.02), suggesting that the fish assemblage was different for the two 
sampling periods.
SIMPER analysis revealed that the historical dataset was characterized 
primarily by spot, northern pipefish, and bay anchovy, while the dom inant species 
underlying the contemporary dataset were spot, silver perch, dusky pipefish, and 
bay anchovy. The highest dissimilarity observed dividing the two datasets was for 
spot (42% of dissimilarity), while differences in silver perch, northern pipefish, and 
bay anchovy relative abundances, accounted for an additional 38% of the difference 
observed. Due to the influence of spot on the analysis and known interannual 
variability in this species, we re-ran the basic NMDS and ANOSIM procedures 
excluding spot to determine if differentiation between the two groups (historical 
and contemporary datasets) remained. The stress of the overall NMDS model was 
higher (2-D stress=0.17), but ANOSIM showed a similar result to that of the full 




Our analysis illustrates a change in seagrass fish community between the two 
study periods; however, the mechanisms for this change remain largely unknown. 
From our results, we posit several hypotheses for the differences w e’ve observed, 
including an evaluation of structural habitat changes, rising seaw ater tem perature, 
and interannual variability in community composition and species abundances. 
Anthropogenic changes in w ater quality and p redator/p rey  dynamics in the 
Chesapeake Bay ecosystem also represent potentially key structuring factors 
underlying our results. However, lacking experimental mechanistic studies and a 
long-term record of systematic fish sampling for shallow w ater seagrass habitats in 
lower Chesapeake Bay, our ability to understand how fish community composition 
and species abundances are changing in response to perturbations in these habitats 
is limited. Because we have only end points, our conclusions m ust be considered in 
such a context, corroborated by other existing datasets (generally from broader 
spatial scales or with differing project goals), and used to define potential lines of 
inquiry for more targeted study. Despite these limitations, there w ere several 
findings from this effort that deserve additional discussion.
Habitat
Overall, seagrass coverage within Chesapeake Bay has declined considerably 
over the past 30 years (Orth et al. 2010), the cumulative effects of which are 
unknown for fish fauna distribution, abundance, and production. However, the total 
seagrass coverage (both areal coverage and density) within our study area is similar 
between the two periods sampled. There has been some recession from the seaward
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edges of the seagrass beds and this may reflect light limitation, either directly or as a 
proximal response to sea level rise, but there w ere also areas of increased coverage. 
Peak eelgrass density and coverage occurred during the 1990s; however, the 
influence of changes in habitat cover over time on fish communities is complex, 
especially considering concomitant changes in w ater quality, and relatively little fish 
data exist for this habitat type from the intervening period. Given that we did not 
see significant decreases in coverage or density a t our sites, we assume factors other 
than structural habitat change are driving the changes in fish fauna that we 
documented.
Seawater tem peratures have increased throughout the North Atlantic over 
the past 30 years and Chesapeake Bay is no exception (Austin 2002, Najjar 2010). 
Our 1970-2011 tem perature dataset showed a clear increase in mean tem perature 
over time, with the most recent years being among the warmest. The continually 
increasing water tem perature is perhaps of more concern than periodic disturbance 
events (such as hurricanes and flooding events, which also influence habitat 
integrity), given that the predom inant seagrass species, Z. marina (eelgrass), is near 
the southern extent of its range in lower Chesapeake Bay and is stressed by 
summertime water tem peratures. During the protracted warm period of late July of 
2010, we observed a significant eelgrass die-off and concomitant decline in relative 
abundance of fishes collected in our trawl samples. The interaction between 
eelgrass distribution and w ater tem perature may become increasingly im portant as 
this region experiences progressively more severe tem perature-driven sum m er die­
offs of eelgrass (Moore and Jarvis 2008), which will likely impact the seagrass beds 
at our study sites.
In addition to affecting habitat, the changing tem perature regime within the 
Bay is likely having impacts on fishes within this region. Tem peratures have 
continually warmed to the point that the seasonal onset of 15°C w aters (a 
hypothesized tem perature threshold for spawning for many local species) is
36
occurring up to three weeks earlier than it was in the 1970s (Austin 2002), although 
we did not specifically measure timing differences in this study. With w arm er 
summer w ater tem peratures (regularly exceeding 30°C), the Bay may maintain 
suitable tem peratures for fishes further into the fall season, allowing for increased 
utilization by sub-tropical species that have been known to be present only during 
the summer months (Wood et al. 2002). Changes in species distribution as well as 
phenology may be expected with continued seaw ater tem perature rise, but only 
with high-resolution data (temporal) will these phenological changes become 
apparent.
Additionally, water tem perature may have impacts on fish recruitm ent. 
Warmer w inter tem peratures have been shown to result in favorable recruitm ent 
for some species of fishes, such as Atlantic croaker (Micropogonias undulatus, Hare 
and Able 2007, Norcross and Austin 1981) and spot, northern puffer {Sphoeroides 
maculatus), and bay anchovy (Wingate and Secor 2008). While warm ing conditions 
may benefit sub-tropical and truly tem perate species, the increased bioenergetic 
demand associated with w arm er w ater tem peratures should be noted, as this may 
prove too costly for species that prefer colder w aters (e.g., tautog, w inter flounder, 
and striped bass) or species that may become prey-limited due to intensified 
competition resulting from increasing bioenergetic demands. The effects of this 
increasing tem perature trend on fishes will vary by species, as each species has 
unique habitat and w ater quality requirem ents. In this highly dynamic region, many 
species will likely be resilient to changing tem peratures and seasonal timing while 
others may benefit or find conditions unfavorable.
Despite concerns about hypoxia in Chesapeake Bay, dissolved oxygen 
concentrations were sufficient for nekton in these habitats when m easured in the 
contemporary study, likely due to wind-driven mixing and oxygenation from 
photosynthetic activity of seagrasses. However, hypoxia in other Bay habitats during 
the warm summer months may influence fish usage of adjacent habitats with
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sufficient oxygen, such as seagrass beds. Additionally, while turbidity (not m easured 
in this study) has increased over time due to developm ent (Gallegos et al. 2011) and 
has been cited as a concern for seagrass persistence (Orth et al. 2010), many fishes 
(especially sciaenids) are well-adapted to life in the dynamic and low-light w aters of 
Chesapeake Bay (Horodysky 2008). While increased turbidity can impact predation 
(Benfield and Minello 1996), the shallow areas w here seagrasses grow in 
Chesapeake Bay are subject to regular turbulent mixing and most fauna utilizing 
these habitats are resilient to this disturbance.
Fishes
Given the anthropogenic change that the Bay has experienced in the last 30 
years, the main factor of interest throughout this study was the difference in species 
composition and relative abundance between the two time periods. However, the 
seasonal nature offish occupation within Chesapeake Bay (treated as the month 
factor in GLMs) was often the most significant explanatory variable in our analyses 
and we feel any analysis for tem perate systems, such as Chesapeake Bay, should 
incorporate this seasonality into the analytical framework. After accounting for 
seasonal variation, dataset did often prove to be an im portant factor in our models, 
as evidenced by the species richness results (which showed a decline in species 
richness from historical to contem porary periods) and the NMDS community 
composition comparison (which showed group differences in the assemblage 
between the two time periods). Additionally, for many of the individual species 
abundance models, dataset w as identified as a significant explanatory variable. 
These multiple lines of evidence suggest that there are differences in the fish 
assemblage between the two time periods; however, the direction of the change 
differed by species (i.e., there was not a monotonic response among individual 
species), as might be expected given individual species response to disturbance.
In our best fitting models for relative abundance of individual species,
interaction terms (specifically those involving the month factor) w ere significant,
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suggesting that were inconsistencies in the patterns of relative abundances across 
months among the two time periods. As shown in the species richness analysis, 
these inconsistencies were typically easily identified and may be more a result of the 
patchiness of fish distribution and fewer samples collected in the historical dataset 
[resulting in higher variance] than biologically significant anomalies. Also, the GLMs 
for hogchoker, speckled trout, and sum m er flounder should be interpreted with 
caution because of the relative sparseness of occurrence. However, for the common 
species, these models are robust enough to offer some indication of real differences 
observed between the datasets.
While we noted a significant decrease in relative abundance betw een the two 
time periods for the most commonly occurring species, spot, it is likely that this 
decrease is a result of recruitm ent variability. Given that spot do not show high 
fidelity to seagrass habitats (Heck and Thoman 1984) and that they have a tolerance 
for warm er water, occurring commonly in the southw est Atlantic and into the Gulf 
of Mexico, this species would not likely be negatively influenced by habitat change 
or rising w ater tem peratures. A more likely hypothesis for our observed decrease in 
spot abundance between the two periods is interannual recruitm ent variability, 
which is known to be extremely high for many of the sciaenid fishes in Chesapeake 
Bay, including spot (Tuckey and Fabrizio 2011, W oodward 2009). Environmental 
variability has been cited as influencing habitat suitability, and thus, recruitm ent 
variability in estuarine fishes (Kraus and Secor 2005), and in general, recruitm ent 
variability for many of the fishes sampled in our study is high. For example, for both 
silver perch and spot, the VIMS Juvenile Fish Trawl Survey noted four-fold 
differences in modeled abundances using the random-stratified index of abundance 
across a 22-year period examined (Tuckey and Fabrizio 2011). Using a sub-set of 
unpublished data from this same survey, we qualitatively examined CPUE data 
(catch-per-tow) for spot and silver perch from the onset of the survey (1955) to 
present (M. Fabrizio and T. Tuckey, VIMS, unpublished data) and found even higher 
variability over that timeframe.
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While mean spot abundance was lower in the contem porary dataset than in 
the historical dataset, the spot index of abundance derived from the VIMS Juvenile 
Fish Trawl Survey for 2010 indicated the presence of a very strong year-class, even 
relative to 1977. This strong year-class also showed up in our data, w ith peak CPUE 
for 2010 being an order of magnitude greater than that for 2009 and 2011. Thus, 
our observation of overall decreased spot abundance in the contem porary dataset 
likely reflects high interannual variability in this species, but may also be the result 
of a change in habitat use to habitats other than seagrass or some other factor, for a 
species that is not seagrass-specific.
The same interannual variability can be observed with non-sciaenid fishes 
like summer flounder, bay anchovy and black sea bass [Centropristis striata). With 
this in mind, it is important to note that while we did detect a difference in relative 
abundance between the two time periods for many species, it may be more 
emblematic of high interannual recruitm ent variability (many of the fish in the 
seagrass habitat surveys are young-of-the-year individuals) or habitat selectivity, 
than a trend towards changed abundances in these habitats, especially given the 
broad use of multiple habitats by m ost species, especially in post-juvenile stages. 
Additional sampling specific to seagrass habitats in future years may help elucidate 
if the observations we made in the contem porary study are indicative of trends or 
are merely noise.
One of our more interesting findings is the apparent shift in the dom inant
pipefish species within the seagrass beds of the lower Chesapeake Bay. In the
historical dataset, northern pipefish w ere much more numerous than dusky
pipefish; in our recent sampling, dusky pipefish were the more abundant species (in
2009 and 2010, samples were dominated by dusky pipefish; however, we collected
more northern pipefish in 2011, although abundances of both species w ere low in
that year). Dusky pipefish is a more southerly species, which ranges throughout the
Caribbean, Gulf Coast and Atlantic Coast of the United States, north to New York,
while northern pipefish is a more northerly species, with the heart of their
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distribution from New England northward. This apparent species shift is im portant 
because the trophic interactions of these two species in this region have been shown 
to be considerably different, with northern pipefish consuming primarily 
amphipods and dusky pipefish preferring grass shrimps (Teixeira and Musick 
1995). Gut contents analyzed as a separate part of the contemporary study confirm 
differences in diet between the two species (K. Sobocinski, unpublished data). Thus, 
a shift in the dominant species may have cascading effects through the seagrass 
foodweb.
The proportional abundance of the two pipefishes in the study by Teixeira 
and Musick (1995) suggests that the shift in dom inant pipefish species may be a 
recent occurrence. They collected a total of 3,488 northern pipefish and 1,422 dusky 
pipefish in dip net samples taken in 1992, roughly midway between the time 
periods of the datasets we analyzed as part of this study. The proportional 
abundances thus indicate ~2.5 northern pipefish for each dusky pipefish in the 
samples, showing dominance by northern pipefish similar to that observed in our 
historical dataset. We considered changes in seagrass density and occurrence, the 
role of predator/prey dynamics, and tem perature as potential causes for this 
apparent shift and hypothesize w ater tem perature change to be the m ost likely 
mechanism for documented pipefish relative abundance changes, especially given 
the minimal difference in seagrass coverage over time at our sites. Additionally, 
long-term monitoring of prey species (amphipods, isopods, and shrimps) has 
indicated high interannual variability, bu t little evidence of changing trends through 
time (Douglass et al. 2010), thus ruling out changed bottom-up control. It would 
appear that our documented shift in dom inant pipefish species has occurred only 
recently and may be a result of warming w ater tem peratures, a finding that bears 
additional investigation in upcoming years.
One clue as to how the fish community as a whole may be changing is found
in the list of mutually exclusive species. Many of these species occurred in only one
or two tows, illustrating that they may be continually present in low abundances
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and thus, not subject to frequent collection. In fact, several of the species from the 
1970s which were not present in the contem porary dataset have been collected in 
other sampling efforts during the same time period (K.Sobocinski, unpublished 
data); lack of inclusion in the current dataset is likely reflective of their low 
abundance, rather than absence in the fish community. Although this was the case 
with some species, there were several other species for which evidence suggests a 
real change over time, notably the absence of w inter flounder in the contem porary 
dataset and northern kingfish and Atlantic spadefish in the historical dataset.
The winter flounder population has been in decline coast-wide since the 
1960s (NEFSC 2008). The Southern New England/Mid-Atlantic Bight stock 
increased slightly in the 1980s before the spawning stock biomass (SSB) declined 
again through the 1990s leading to an overfished stock status. Recruitment and SSB 
have increased in recent years [starting in 2006) for this stock, bu t given that 
Chesapeake Bay is at the southern extent of the species’ range, habitat use in this 
area may be limited. Additionally, tem perature thresholds for all life stages may be 
exceeded (Pereira etal. 1999) resulting in marginal rearing conditions. In fact, 
increased seawater tem peratures have been implicated in the decline of w inter 
flounder in other, more northerly systems (Keller and Klein-MacPhee 2000). VIMS 
Juvenile Fish Trawl Survey data (M. Fabrizio and T. Tuckey, VIMS, unpublished data) 
show collections of winter flounder since the early 1990s to be very low (mean of 
4.3 per year), with only sparse years w here m ore than a few individuals w ere 
collected (e.g., 17 in 2001 and 11 in 2007). Conversely, the same survey collected a 
mean of 29 winter flounder per year from 1960 to 1990, with several years showing 
over 100 individuals in the record. Although these data were not collected over 
seagrass habitats specifically, they reflect an overall decline in catch of this species 
over time and suggest that the absence of w inter flounder within seagrass habitats 
in our contemporary dataset is indicative of real change in the distribution of this 
species due in part to a declining population, bu t also potentially due to sub-optimal 
thermal conditions.
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While the overall population decline of w inter flounder has been well 
documented, formal stock assessm ents are not available for other species such as 
northern puffer, hogchoker, northern kingfish, and Atlantic spadefish, the latter two 
of which were absent in the historical d a tase t Northern puffer and hogchoker were 
both present in the historical dataset, but their abundances were much greater in 
the contemporary dataset [increase in abundance of 300%  and >1000%, 
respectively). Although not much is known about the population size or stock 
structure of either species, it is generally thought that populations of both are strong 
but variable in Chesapeake Bay (Bonzek et al. 2011, Tuckey and Fabrizio 2011). 
Northern kingfish have experienced a population increase in recent years [Bonzek 
et al. 2011), the cause of which remains unknown. Although none of these species 
are solely reliant on seagrass habitats, all have shown a preference for shallow 
estuarine waters, including seagrass habitats, during some part of their life-history. 
High abundances in our contemporary survey may be indicative of generally robust 
populations within the Bay as a whole in recent decades.
Additionally, it should be noted that commercial and recreational fisheries 
exist for several of the species in our survey [summer flounder, croaker, spot, 
speckled trout, and northern puffer among others), although largely outside of 
seagrass habitats, with the exception of a small haul-seine fishery operating in these 
habitats. These fisheries may influence the dynamics of the young-of-the-year fishes 
we captured through impacts to spawning stock biomass [NOAA 2012). Stock 
assessments are not available for all species, bu t several predator species [e.g., 
summer flounder and striped bass) have seen increasing populations in recent 
years, after a period of low abundance in the 1980s and 1990s. In both of these 
cases, population rebounds have been attributed to management actions [e.g., 
decreased fishing mortality) and the impacts from population recovery on lower 
trophic levels are not fully known. For other species, the causes of change in 
population [increase or decrease) are unknown, but overfishing and climate change
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(temperature changes and decadal climate shifts) have been suggested (Nye et al. 
2009).
The abundance of Atlantic spadefish in the contemporary data set may reflect 
the relative warming of Chesapeake Bay w aters over the last 30 years, as discussed 
previously. This species is mainly sub-tropical, with larvae (which utilize estuaries 
and coastal bays) known to prefer w ater tem peratures greater than 28°C (Hayse 
1990). The high summer tem peratures and protracted periods of w arm er w ater in 
recent years may afford this species optimal larval and juvenile rearing conditions. 
This species was mainly collected in late-August and September, reflecting a 
combination of seasonal timing and preference for warm  water in its distribution.
One species, pinfish (Lagodon rhomboides), which we hypothesized would 
have increased abundance owing to warming seaw ater tem peratures, was not more 
abundant in the present dataset when compared to the historical dataset. This 
species is common along the Atlantic coast from North Carolina southw ard and in 
the Gulf of Mexico and is an occasional summertime visitor to Chesapeake Bay.
While pinfish have shown tolerance to cold tem peratures (Reber and Bennett 2007), 
it is likely that the extreme cold w intertim e tem peratures (~0.5°C) in shallow w ater 
habitats drive these fish to deeper, offshore waters. However, with mild winters, 
such as that experienced in 2011-2012, pinfish have been found in high abundances 
within the Bay and in Virginia coastal embayments during the sum m er of 2012 (R.J. 
Orth, personal observation); this species may be expected to shift northw ard in 
coming decades if water tem peratures continue to rise as predicted, provided that 
cold w inter tem peratures are not prohibitive.
Without a long-term habitat-specific dataset with which to evaluate trends in 
finfish abundance, it is necessary to view the results of our study in concert with 
available datasets. Within Chesapeake Bay there is high inter-annual variability in 
abundance of many finfish species (Bonzek et al. 2011, Tuckey and Fabrizio 2011) 
and some of the differences we observed betw een datasets may be reflective of this
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natural variation. However, despite these patterns, our data indicate a decline in 
species richness, an overall change in the finfish assemblage within seagrass 
habitats, including the increased presence of w arm -w ater species such as silver 
perch and Atlantic spadefish, and differences in abundance among key seagrass 
species, such as the pipefishes. Observations regarding rising seaw ater 
tem peratures, in addition to anthropogenic effects on w ater quality, have impacts 
for the finfish community both in term s of habitat suitability (bioenergetic demands 
and thermal preference) and habitat availability, as seagrasses in this region 
become increasingly stressed during w arm -w ater events. Continued monitoring of 
fish fauna in these habitats will improve our ability to detect change from natural 
variability in a dynamic system.
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TABLES
Table 1. Comparison of sampling methods used for the historical (Orth and Heck 
1980) and contemporary nekton collections.
Historical Contemporary








(Approximately bi-weekly for 
2010 and summ ers of 2009 and 
2011)
Gear 4.9-m O tter Trawl, 1.9-cm 
mesh wings, with 0.6-cm 
liner
4.9-m O tter Trawl, 2.5-cm mesh 
wings, with 0.6-cm liner
Tow Duration 2 minutes 2 minutes
Speed ~2-3 kts. ~2-3 kts.
Deployment/Retrieval By hand from the boat's 
stern
Using an electric winch from a 
davit
Tidal Stage High Tide High Tide
Time of Day Mainly morning Variable
Total Number of Hauls Made 143 289
Replicate Trawls a t Each Site 6-10 4-6
Sites Browns Bay, Guinea Marsh Browns Bay, Goodwin Islands, 
Pepper Creek
Total Number of Species 
Collected
(30 species common to both)
41 38
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Table 2. Summary data for the fishes collected in the historical and contemporary datasets. Fish lengths are mean total lengths 
(mm) with standard deviations. Total catch represents a sum of all catches for that species for the dataset Percent occurrence 
shows frequency of occurrence from individual trawls (n=143 from the historical dataset and n=289 from the contemporary 
dataset). Percent change in means shows change in geometric means from the historical dataset to the contemporary dataset 
Species in bold type indicate those exclusive to the historical dataset (marked with H) or the contemporary dataset (marked 
with C); of these species, commonly occurring species (those which occurred in >5% of tows) are marked with an asterisk (*), 
while others occurred occasionally or in low abundances in the dataset
Fish Species Fish Lengths Total Catch % Occurrence % Change°







His. Cont. Hist. Cont. %A=((C/H)-1)*100
Leiostomus xanthurus Spot NAb 7 5 .2 /3 1 7247 7640 60.1 77.5 -47.8
Syngnathus fuscus Northern Pipefish 121.0/21.6 135.0 /  28.8 2396 1294 64.3 62.3 -73.3
Anchoa mitchilli Bay Anchovy 38 .4 /9 .4 48.4 /14 .2 1064 3148 46.9 47.4 46.4
Bairdielia chrysoura Silver Perch 76.9 /19 .7 60.4 /  29.6 568 3889 32.2 55.0 238.8
Menidia menidia Atlantic Siiverside 64 .2 /25 .2 48 .9 /13 .3 339 239 31.5 19.7 -65.1
Syngnathus floridae Dusky Pipefish 117.0/27.7 131.6 /27 .4 213 1915 30.8 62.3 344.9
Fundulus heteroclitus Mummichog 50.0 /1 8 .8 62 .6 /10 .1 120 125 9.8 8.7 -48.5
Hypsoblennius hentz Feather Blenny 57.5 /1 8 .4 57.4 /  9.0 81 12 16.1 4.2 -92.7
Menidia beryllintJHr Inland Siiverside 43 .8 /9 .5 79 0 5.6 0 -100.0
Lagodon rhomboides Pinfish 98 .2 /38 .6 144.5/30.1 72 12 15.4 3.5 -91.8
Poralichthys dentatus Summer Flounder 90.2 /  91.5 226.1 /120 .9 52 45 16.1 13.8 -57.2
Chasmodes bosquianus Striped Blenny 54 .1 /11 .7 59 .8 /15 .2 51 25 18.2 7.6 -75.7
Toutoga onitis1H>‘ Tautog 126.5/27.2 48 0 16.1 0 -100.0
Cyprinodon variegatus1”1 Sheepshead Minnow 34.3 /  7.3 44 0 1.4 0 -100.0
S3
Table 2., Continued
Fish Species Fish Lengths Total Catch % Occurrence % Change°
Hist. Cont. %A=((C/H)-
1)*100Species Name
Common Name Mean Mean His. Cont. Hist. Cont.
(mm)/SD (mm)/SD
Pseudopleuronectes americanus?HI‘ Winter Flounder 89 .1 /18 .3 42 0 16.8 0 -100.0
Oobiosomo bosc Naked Goby 3 4 .5 /8 .0 39 .6 /5 .0 34 20 14.7 5.5 -70.9
Micropogonias undulatus Croaker 2 3 .3 /5 .8 43.7 /  30.1 28 42 7.0 6.9 -25.8
Centropristis striata Black Sea Bass 117.1 /33.1 135.0/29.2 23 11 11.2 3.1 -76.3
Anguilla rastrata American Eel 316.3/137.1 78.5 /  37.2 21 15 8.4 3.5 -64.7
Opsanus tau Oyster Toadfish 114.5/95.9 117.7/45.2 16 1 9.1 0.3 -96.9
Cynoscion nebulosus Speckled Trout 87 .9 /45 .9 5 5 .0 /27 .9 15 49 7.7 10.4 61.6
Lucania parva Rainwater Killifish 3 0 .9 /7 .0 39.0 /  6.6 14 5 3.5 1.4 -82.3
Morone saxatilis Striped Bass 2 2 .7 /5 .2 35 .6 /10 .7 13 16 3.5 3.1 -39.1
Sphoeroides maculates Northern Pufferfish 121.7/27.5 138.6 /50.8 12 97 2.1 20.8 300.0
Orthopristis chrysoptera Pigfish 105.0/31.9 50.8 /  22.3 10 14 4.9 3.8 -30.7
Urophycis regia Spotted Hake 78.0 /  9.2 92 .2 /11 .8 10 17 2.8 3.1 -15.9
Gobiesox strumosus Skilletfish 3 3 /5 .9 31.3 /10 .7 9 33 5.6 5.2 81.4
Apeltis quadricusfHI Fourspine Stickleback 3 2 .5 /4 .6 8 0 4.2 0 -100.0
Sciaenops ocellatus Red Drum 3 6 .9 /7 .0 32 .4 /6 .9 8 23 2.1 2.8 42.3
Hippocampus erectus lined Seahorse 62.5 /  25.8 87.5 /19 .3 5 13 2.8 3.5 28.7
Trinectes maculatus Hogchoker 106.0 /  33.8 104.9 /17 .9 4 92 2.1 17.3 1038.1
Synodus foetensfHI Inshore Lizardfish 150.0/33.4 4 0 2.8 0 -100.0
Pomatomus saltatrix Bluefish 111.7/41.9 120.0 /  NA 3 1 1.4 0.3 -83.5
Prionotus carolinus Northern Searobin 6 2 .5 /3 .5 112.5/10.6 3 2 2.1 0.7 -67.0
Chilomycterus schoepfii Striped Burrfish 9 5 .0 /1 8 108.0/51.4 3 20 2.1 6.6 229.9
Alosa pseudoharengus1H> Alewife 60.0 /  NA 2 0 0.7 0 -100.0
Brevoortia tyrannusfH> Atlantic Menhaden 30.0 /  NA 2 0 0.7 0 -100.0
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Table 2., Continued
Fish Species Fish Lengths Total Catch % Occurrence % Change°







His. Cont. Hist. Cont.
%A=((C/H)-
1)*100
Mycteroperca microiepis Gag Grouper 132 .5 /53 .0 218.0 /  NA 2 1 1.4 0.3 -75.3
Pepriius part/H> Harvestfish 30.0 /  NA 1 0 0.7 0 -100.0
Chaetodon ocellatus1"1 Spotfin Butterflyfish 4 6 .1 /8 .8 1 0 0.7 0 -100.0
Fundulus majalisIHI Striped Killifish NA 1 0 0.7 0 -100.0
Chaetodipterus fabeiJcl’ Atlantic Spadefish 60 .8 /31 .4 0 54 0 10.4 100.0
Syngnathus louisianaelcl Chain Pipefish 146.1/27.4 0 10 0 3.1 100.0
Trachinotus caralinuslc) Florida Pompano 143.0/NA 0 1 0 0.3 100.0
Lutjanus griseus/cl Gray Snapper 82.0/NA 0 1 0 0.3 100.0
Menticirrhus saxatlllsfc,‘ Northern Kingfish 58 .0 /36 .1 0 154 0 20.8 100.0
Astroscopus guttatu^c> Northern Stargazer NA 0 1 0 0.3 100.0
Dasyatis americana1cl Southern Stingray 117.0/NA 0 4 0 1.4 100.0
Cynoscion regaiisf0 ' Weakfish 53.7 /1 0 .0 0 76 0 4.5 100.0
a. Percent change in means was calculated as follows: %A=((C/H)-1)*100, w here C and H are the geom etric m eans (C =  -E?=i In ) of the 
contemporary and historical datasets for a given species. All species for which either value was zero have been  given a change of 100% (+/-). 
Positive values indicate an increase in mean relative abundance from the historical to  the contem porary; negative values indicate a decrease in 
mean relative abundance.
b. Length m easurem ents for spot from the historical dataset were not robust enough to  obtain a mean and standard deviation. During periods of
high relative abundance, the number offish and a size range was noted (e.g., "480 L. xonthurus, 65 135mm"); however, th e  distribution within the 
size range is unknown. In general, the size ranges were similar to  those seen in the contem porary dataset.
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Table 3. Generalized linear model results for species abundances. Model factors are as follows: D=Dataset, M=Month,
R=Region. P=number of parameters estimated in each model. Significant interactions are listed in parentheses, where DMR is 
the 3-way interaction between Dataset, Month, and Region, and 2-way interactions are shown with DM, DR, or MR, 
corresponding to Dataset*Month, Dataset*Region, or Month*Region, respectively. Significance = *** < 0.0001, **< 0.001, *<.05. 
Bold type indicates best-fitting model.
2x log- Deviance
Species Models P Dataset Month Region Interactions D Coef.* likelihood Explained AIC
Leiostomus Y ~ D + M + R + •ft*
Spot xonthurus D*M*R 9 *** *** • (DM, MR, DMR) -6.58 -2443.97 55.3 2494.0
Y ~D + M + R 5 **• *** 0.06 - -1.39 -2590.05 32.9 2608.1
Y~D + M 4 ftftft ftftft - - -1.36 -2593.33 32.3 2609.3
Y~D + R 4 • ft* - 0-3 - -1.55 -2670.28 17.0 2678.3
Y~D 3 ftftft _ - - -1.54 -2671.35 16.8 2677.3
Silver Bairdiello Y - D + M + R + *•*
Perch chrysoura D*M*R 9 *** ftftft 0.29 (DM, DMR) 0.00 -1746.35 57.7 1796.3
Y~ D +  M + R S *** 0.38 - -0.49 -1859.94 38.3 1877.9
Y -D  + M 4 *** ftftft - - -0.49 -1860.73 38.2 1876.7
Y~D + R 4 *** - 0.85 - 1.14 -1998.33 5.2 2006.3
Y~D 3 • ft* - - - 1.16 -1998.36 5.2 2004.4
Atlantic Menidia Y - D + M + R + •*
Siiverside menidia D*M*R 9 • ft* • ft* *•* (DM) 0.00 -706.68 54.5 756.7
Y - D +  M + R S ftftft ftftft - -1.99 -737.31 46.1 755.3
Y~D + M 4 ftftft ftftft - - -1.96 -745.98 43.3 762.0
Y -D  + R 4 • ft* - «*• - -1.16 -828.67 11.5 836.7
Y~D 3 • ft - - - -1.07 -841.93 5.1 847.9
Bay Anchoa Y - D + M + R + ***
Anchovy mitchelli D*M*R 9 • • • ftftft • • • (DM, MR, DR, DMR) -18.20 -1716.76 42.6 1766.8
Y~ D+  M + R 5 0.18 ftftft *** - 0.01 -1793.40 26.4 1811.4
Y~D + M 4 0.20 ftftft - 0.07 -1806.44 23.3 1822.4
Y -D  + R 4 0.25 - ** - 0.09 -1883.14 2.7 1891.1
Y~D 3 0.27 - - - 0.30 -1891.13 0.4 1897.1
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Dusky Syngnathus Y - D + M + R
Pipefish floridae + D*M*R 9 *•* 0.27 (DM) 20.22 -1378.35 30.3 1428.4
Y~ D +  M + R 5 *** *** 0.33 0.64 -1444.62 13.2 1462.6
Y~D + M 4 **• *** - 0.62 -1445.57 12.9 1461.6
Y~D + R 4 *•* 0.07 0.93 -1471.25 5.4 1479.3
Y~D B *** - 0.93 -1474.46 4.4 1480.5
Northern Syngnathus Y - D + M + R ***
Pipefish fuscus + D*M*R 9 •  ** • • (DM) 20.57 -1768.79 54.9 1818.8
Y - D + M + R 5 *•* *** • - -2.87 -1843.59 43,0 1861.6
Y -D  + M 4 *** *** - - -2.90 -1850.09 41.8 1866.1
Y -D  + R 4 *** - *** - -1.60 -1962.09 19.0 1970.1
Y~D 3 *** - - - -1.55 -1972.74 16.5 1978.7
Trinectes Y - D + M + R +
Hogchoker maculatus D*M*R 9 *** *** *** p<0.10 0.00 -327.24 44.8 377.2
Y - D + M + R 5 *** *** - 1.74 -339.25 39.7 357.2
Y~D + M 4 *** *** - - 1.70 -350.49 34.9 366.5
Y -D  + R 4 **• - *** - 2.39 -378.44 20.7 386.4
Y~D 3 *•* - - - 2.35 -388.88 14.7 394.9
Speckled Cynoscion Y - D + M + R +
Trout nebulosus D*M*R 9 0.21 *•* 0.40 p<0.34 0.00 -280.46 33.3 330.5
Y~ D+  M + R 5 0.75 *•* 0.42 - -0.17 -290.55 28.1 308.6
Y -D  + M 4 0.22 *** - - -0.13 -291.20 27.8 307.2
Y -D  + R 4 0.29 - 0.22 - 0.36 -331.33 2.0 339.3
Y~D 3 0.29 - - - 0.42 -332.81 0.9 338.8
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Summer Paralkhthys Y - D + M + R
Flounder dentotus + D*M*R £ *** *•* ** (DM) -18.S1 -332.S6 46.1 382.6
Y -  D + M + R 5 **+ * - -1.29 -387.90 24.7 405.9
Y~D + M 4 »*• *** - -1.25 -392.02 22.8 408.0
Y -D  + R 4 *** - * - -0.99 -419.37 8.4 427.4
Y~D ^ *** - - -0.98 -423.25 6.3 429.2
a. Dataset coefficient is given relative to  the historical dataset (a negative value indicates a decline, a positive value an increase betw een the  tw o datasets)
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Table 4. Generalized linear model results for species richness (SR). P=number of parameters estimated in each model. Model 
factors are as follows: D=Dataset, M=Month, R=Region Significant interactions are listed in parentheses, where DMR is the 3- 
way interaction between Dataset, Month, and Region, and the 2-way interactions DM corresponds to Dataset*Month. 
Significance = *** < 0.0001, **< 0.001, *<.05. Bold type indicates best-fitting model.
Model P D M R Interactions D Coefficient Dev. Explained AIC MIC
SR~D*M*R 8 • *** 0.87 * (DM), *** (DMR) -0.33 30.95 1537.4
SR~D+M+R+(D*M) 5 * *** 0.87 * -0.81 24.21 1546.7 9.4
SR~D+M+(D*M) 4 * *** * -0.81 24.20 1544.8 7.4
SR-D+M+R 4 * *** 0.83 - -0.26 21.18 1550.9 13.5
SR~D+M 3 * **• - -0.26 21.17 1548.9 11.5
SR~M 2 - *** - 0.78 16,08 1570.6 33.2
SR-D 2 * -0.11 1.16 1632.0 94.6
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Figure 1. Map of lower Chesapeake Bay, York River mouth and Mobjack Bay study 
area. Study sites are Browns Bay and Guinea Marsh from the historical study and 
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Figure 2. Seagrass total hectares (y-axis) and density (shading by category) over 
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Figure 3. Water tem perature (annual means) from the York River near the Virginia 
Institute of Marine Science (VIMS) from 1970-2011. Linear regression: Temp = 
0.0248(Year) + 15.776. Data from 1970-2002 w ere collected from the VIMS Ferry 
Pier; data from 2004-2011 w ere from a nearby Virginia Estuarine and Coastal 
Observing System monitoring station. 2003 data are absent due to a storm  event. All 





















0 tmQi tm0)-oro 3
o  o.
GO
Spot Northern Bay Anchovy Silver Perch Atlantic Dusky 
Pipefish Silverside Pipefish
Figure 4. Common species (a.) percent occurrence and (b.) mean catch-per-unit- 
effort (CPUE) for both the historical and contem porary datasets combined. Both 
Figures show data from April-October only, as w inter samples yielded large numbers 
of zero catches. Error bars show standard error.
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Figure 5. Mean abundance for the m ost common fish species over the sampling 
months for the (a.) historical and (b.) contem porary datasets. Abundances are on 
the log scale for ease of representation, given large differences among species.
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Figure 6. Predicted CPUE values from abundance GLMs for common species, a.] spot, 
b.) silver perch, c.) Atlantic silverside, d.) bay anchovy, e.) dusky pipefish, f.) 
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Figure 7. Mean species richness across m onths for the historical and contem porary 
datasets. Error bars show ± one standard error of the mean.
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Supplemental Figure SI. Seagrass coverage change analysis showing 1978 
[historical, red) and 2010 (contemporary, green) data layers. Areas of seagrass 
coverage that are common to both are shown on yellow.
CHAPTER 2
TROPHIC INTERACTIONS, ECOSYSTEM STRUCTURE, AND IMPACTS OF CLIMATE- 
INDUCED HABITAT LOSS IN A SEAGRASS ECOSYSTEM
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ABSTRACT
Seagrasses are im portant for habitat provisioning and contribution to 
secondary production. But food web dynamics have not been quantitatively 
described for these habitats, despite evidence for trophic connectivity to nearby 
ecosystems. We used a network-based, mass-balance model, Ecopath, to describe 
the contemporary lower Chesapeake Bay seagrass food web. Biomass and diet 
inputs for 35 model groups w ere derived from empirical data collected in nearby 
seagrass beds. Both topological and network properties were used to describe 
ecosystem structure. Effects of changing climate, which have direct negative impacts 
on seagrass health in this region, w ere investigated by examining how 
contemporary trophic transfer compared to hindcast and forecast scenarios, using 
historical data and projected impacts to seagrasses. Several key groups, including 
Bay Anchovy, Invertebrate Mesograzers, Blue Crab, and Mesozooplankton w ere 
important for moving primary production through the food web. The system was 
predominantly comprised of generalist omnivores and there w ere few strong 
predation interactions. While we hypothesized that decreasing seagrass biomass 
would negatively impact production of higher trophic levels, there was little 
difference between the base model and forecast model food web metrics, despite a 
50% decrease in seagrass biomass, owing to the importance of Mesozooplankton in 
the food web. Similarly, there were few differences between the base model and the 
hindcast model in terms of energy flow, although the forecast model did show lower 
organization. We propose that omnivory serves as a stabilizing force in this model 
ecosystem, but that maintenance of habitat and the diversity of fishes will be 
important for continued functioning of seagrass habitats and for their contribution 
to fisheries production in Chesapeake Bay.
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INTRODUCTION
Despite occupying only a fraction of the world’s coastal areas, seagrass 
habitats are highly productive and dynamic ecosystems, contributing a num ber of 
services, including nutrient cycling, carbon sequestration, and habitat provisioning 
[Costanza et al. 1997, Mateo et al. 2006, Duarte at al. 2008). In addition to serving as 
a robust source of primary production [Mateo et al. 2006), the matrix of seagrass 
plants provides structural support for epiphytic algae and habitat and refuge for 
coastal fishes and invertebrates [Gillanders 2006, Vallentine and Duffy 2006). 
Secondary production, driven by detrital biomass and benthic and epiphytic algae is 
relatively high in these systems [van Montfrans et al. 1984, Fredette et al. 1990, 
Duarte and Cebrian 1996, and Douglass et al. 2010), which leads to ample 
production and availability of prey for finfishes. These habitats are, therefore, 
im portant for many young-of-the-year fishes that seek food for growth and refuge 
from predation [Heck et al. 2003); however, food web connectance and the 
processes of energy flow within these systems are not quantitatively well described 
and are important for resolving connectivity to the near-coastal ecosystem.
Understanding community interactions through the characterization of food 
webs has been a longstanding interest in ecology (Pimm 1982). However, the 
complexity of most marine food webs, and the spatial and temporal variation of the 
species that comprise them, makes quantitatively defining interactions challenging. 
As a result, description of numerous food webs has been based on topology alone, 
defined as "connectance webs," which illustrate connections betw een species with 
nodes (vertices) and linkages (edges), but lack a quantitative description of 
connections and/or flux within the system (Paine 1980, Woodward et al. 2005).
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Given the amount of data necessary to construct quantitative food webs in multi- 
trophic, open systems, few studies exist in the ecological literature in which energy 
flow (or relative magnitude) among nodes is described. Banasek-Richter et al.
(2009) calculated linkages weighted by inflow and outflow biomass for a num ber of 
previously-constructed food webs, and showed that when food webs are 
quantitatively described, there are few strong interactions, making a quantitative 
food web much simpler than perhaps would be expected from the topologies alone. 
While none of the food webs described by Banasek-Richter et al. (2009) were from 
marine systems, Gaichas and Francis (2008) examined the Gulf of Alaska 
groundfishes food web using a network theory approach and found that only four 
nodes (out of 57 predator species) were highly connected. In both of these studies, 
the researchers hypothesized that the large num ber of supporting nodes and links 
served to stabilize food webs, even if not contributing significantly to energy 
transfer (Gaichas and Francis 2008, Banasek-Richter et al. 2009). In addition to 
understanding topological food web features, quantitative descriptions using 
ecological network analysis (Odum 1969, Ulanowicz 1986) allow for a more 
thorough understanding of system energy flow which, in turn, can serve as a basis 
for the formulation of management objectives (Baird 2009).
In fisheries ecology, a quantitative understanding of trophic interactions has
bearing for ecosystem approaches to fisheries management, given that fishing
mortality can profoundly affect ecosystem topology and function through the
release of prey from top-down control or competitors from inter-specific
competition (Fulton et al. 2003, National Research Council 2006, Link 2010a).
Aiding efforts toward ecosystem approaches is the availability of numerous
analytical tools (Whipple et al. 2000, Latour e t al. 2003, Plaganyi 2007), one of
which is Ecopath with Ecosim (EwE, Christensen e t al. 2008). The Ecopath
component of EwE (Polovina 1984, Christensen and Walters 2004, Christensen e t al.
2008), is based on network models (Odum 1957, Ulanowicz 1986) and involves
developing a mass-balanced snapshot of trophically-linked biomass pools in an
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ecosystem. Typically, Ecopath (a static snapshot) is used with Ecosim (a time- 
dynamic simulation component) to simulate ecosystem processes over a prolonged 
time period (on the order of 50-100 years), particularly when impacts related to 
fishing mortality are of prim ary concern (e.g., Osterblom et al. 2007, Gaichas et al. 
2010). This modeling platform has been used extensively in fisheries management 
applications (Hollowed et al. 2000, Plaganyi and Butterworth 2004, Gaichas et al. 
2010) and more recently for describing anthropogenic impacts (Coll et al. 2008, de 
Mutsert et al. 2012), community interactions and ecosystem services in coastal 
systems (Plummer et al. 2013), and for evaluating the potential impacts of climate 
change on primary production and fisheries (Brown et al. 2010). Ecopath contains 
routines aimed at bridging the gap between energy-based analyses and structural 
analyses, making it useful for evaluating a num ber of trophic properties for applied 
research questions.
Despite the numerous applications of EwE to m arine and freshw ater 
systems, it is less often applied in discrete coastal habitats (but see Baird et al. 1998 
for network theory application to seagrass habitats). Although quantitative food 
web models for Chesapeake Bay exist (Baird and Ulanowicz 1989, Christensen et al.
2009), these models are focused on production in the Bay as a whole, ra ther than on 
trophic interactions within specific habitats, such as seagrasses. For example, the 
EwE model for the Bay (Christensen et al. 2009) has 45 model categories, with many 
relevant seagrass species lumped into broad aggregated categories. While these 
categories may be sufficient for modeling at a Bay-wide scale, the detail necessary 
for resolving trophic interactions specifically within seagrass habitats is much finer. 
A habitat-specific model could be used to better inform these broader modeling 
efforts, where, until now, fine-scale data have been lacking. Therefore, we have 
constructed a seagrass-specific Ecopath model to improve understanding of how 
energy is moving through these productive habitats and contributing to ecosystem 
functioning within the Bay.
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Continued loss of seagrass habitat within the Bay (Orth e t al. 2010) and in 
coastal areas globally (Orth et al. 2006) raises questions about the impacts of 
structural habitat loss on species that utilize these systems. Concurrently, climate 
change, especially in the form of rising seaw ater tem perature, may impact the 
distributions and abundances of coastal species (Nye et al. 2009, Fodrie et al. 2010, 
Hollowed et al. 2013, Sobocinski et al. 2013) and thus, the near-coastal food web. 
EwE has been used to evaluate the impacts of climate change on m arine systems 
(Field et al. 2006, Brown et al. 2010), but to our knowledge, elements of this 
modeling approach have not been used to evaluate how physical habitat loss 
impacts trophic-dynamics and functioning in seagrass ecosystems. Ecological 
network analysis has been used to address structural differences in energy flow 
among estuarine systems (e.g., Monaco and Ulanowicz 1997) and to evaluate how 
environmental change may impact estuarine ecosystems (Baird 2009). Both of these 
works provide a comparative basis for this study.
Our main objective was to describe the lower Chesapeake Bay seagrass food
web using the Ecopath module of EwE in order to better understand how biomass,
and thus, energy, moves through the seagrass system. We emphasize the transfer of
biomass from seagrass plant-associated grazers and zooplankton to fishes. In
addition to describing the contem porary seagrass food web, we developed two
additional sub-models. The first was a hindcast (-30 yr) scenario, partially based
upon data collected by Orth and Heck (1980) and was designed to provide
"historical” insight about the lower Bay seagrass food web. The second was a
forecast (+30 yr) scenario, structured to represent hypothesized impacts of climate
change, with the purpose of exploring how decreased habitat availability and
changing species distributions may impact higher trophic levels and energy flow
within and through the system. We conducted sensitivity analyses on the base
model to determine which groups w ere most sensitive to variation in input data and
to inform the range of values used for inputs to the sub-models. The sub-models
serve as comparative states for evaluating how ecosystem structure may be
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impacted by changing environmental conditions and species distributions. Such 
models, especially those incorporating anthropogenic change, have been cited as 




To address questions related to food web structure, energy flow within 
seagrass systems, and how seagrass food webs will be impacted by climate change, 
we modeled trophic interactions within a model Chesapeake Bay seagrass habitat 
using the Ecopath modeling framework [v.6.0, Christensen et al. 2008). Ecopath is 
an ecosystem model utilizing biomass, production, consumption, and diet inputs in a 
series of mass-balance equations for each of the model compartments. The model is 
governed by two m aster equations:
Production = Catch + Predation + Net Migration + Biomass Accumulation +
Equation 1 describes mass-balance across model groups and Equation 2 
describes mass-balance within a model group. Formally, the first m aster equation 
can be written for any model group, as:
where, P/B is the production to biomass ratio, B is biomass, Q/B is the consumption 
to biomass ratio, DC,) is the proportion of the prey functional group i in the diet of
Other Mortality Eq. 1
Consumption = Production + Respiration + Unassimilated food Eq. 2
Eq. 3
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the predator j, E is the net migration, Y the fishery yield, and BA the biomass 
accumulation rate; non-predation or o ther mortality, is expressed as ecotrophic 
efficiency, EE [see Christensen and Walters 2004 for a full description of the model 
and equations). When this system of equations is solved for each model group, the 
result is a mass-balanced snapshot of the food web and estim ated potential energy 
flows and utilization (Christensen and W alters 2004).
To parameterize the model, Ecopath requires input of three of the following 
four param eters in addition to diet composition data for each model group: B, P/B  
(equal to total instantaneous mortality, Z), Q/B, and EE. By making use of the mass- 
balance principle, the underlying set of linear equations can be used to solve for the 
fourth parameter; typically EE is the estim ated value, as it is not m easureable in the 
field (Christensen and Walters 2004). Ecotrophic efficiency can also be referred to 
as the proportion of production per species or functional group that is used within 
the system. For the Ecopath application herein, we defined model tem poral period 
as one growing season (May-September) and the spatial domain was confined to 
lower Chesapeake Bay seagrass habitats (based on the Goodwin Islands within the 
Chesapeake Bay National Estuarine Research Reserve a t the mouth of the York 
River, Virginia, USA). Biomass within Ecopath is typically expressed as m t/km 2/yr; 
however, given the finite area of our model domain and the smaller biomasses, we 
used g /m 2 as the model currency (these scale, and as such the num bers can be 
compared to other EwE models).
Model Parameterization
We developed our working model groups based upon previous fish,
invertebrate, and habitat surveys (Douglass et al. 2010, Orth et al. 2012, Sobocinski
et al. 2013) and our general understanding of the system. Our base model included
35 model groups, from primary producers—including seagrass, epiphytic and
benthic algae, and phytoplankton—to top predators, such as piscivorous birds
(Table 1). We specified three aggregated finfish groups: Generalists, Piscivores, and
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Benthivores, which were representative of the m ajor feeding modes of the species in 
those groups. Additionally, many invertebrates w ere aggregated to broader 
taxonomic groups (e.g. Mesozooplankton). As the model period was confined to the 
summer, we limited all groups to one stanza, such that there were no age-structured 
groups. Input data for the model w ere obtained through a combination of field data 
collection done as part of this study and collation of literature values, with 
preference given to data from nearby an d /o r similar sites (Tables SI, S2, S3, and 
S4). Biomass values for finfishes, in particular, w ere obtained from field-collections 
at study sites representative of the seagrass model domain. For cases w here reliable 
input values could not be obtained, values w ere drawn from similar published 
models (e.g., Chesapeake Bay EwE model, Christensen et al. 2009; Puget Sound 
eelgrass model, Harvey et al. 2012a; an d /o r Gulf of Mexico shallow w ater habitat 
model, de Mutsert et al. 2012). Input data for P/B  and Q/B were largely taken from 
the literature, empirically derived using FishBase (Froese and Pauly 2013), or 
obtained from other models, following that order of preference.
Diet input data were based upon gut content analysis undertaken as part of 
this study and were augmented with data from the Chesapeake Bay Multispecies 
Monitoring and Assessment (ChesMMAP) program  food habits database (Latour et 
al. 2003) or literature values, when sample sizes were low or diet data were 
unavailable (Table S3 and S4). As seagrass beds are open marine systems, many of 
the species captured in this habitat do so for only a fraction of time due to diel 
movements, tidally-influenced foraging forays, or other movements. To account for 
feeding outside of the model domain, we used the "diet import approach” 
(Christensen et al. 2008) and included an "Import” component in the diet matrix. 
This category is a proxy for the time spent outside of seagrass habitats and was 
determined based upon life history characteristics and ecology of the species and 
model groups.
Because the Ecopath modeling framework relies on mass-balance among the
model groups, a model balancing step is necessary. To achieve model balance, input
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data for the model must be iteratively adjusted until all estimates for EE are 
between 0 and 1. Using the approach described in the EwE User's Manual 
[Christensen et al. 2008), we adjusted biomasses and predation mortalities until the 
model was balanced. Once balanced, the model was run in Ecosim [the time 
dynamic component of EwE) to be sure the Ecopath component was stable and did 
not result in predator-prey cycles [H. Townsend, NOAA-NMFS, Oxford, MD, personal 
communication). We used guidance in the EwE manual for model balancing and 
vetting [Christensen et al. 2008). Additionally, we evaluated the structure of the 
food web using several of the routines in the PREBAL procedure put forth by Link 
(2010b) and output from the "cheddar" package in R (Hudson et. al 2013, R Core 
Team 2013). Specifically biomasses w ere related to trophic level designation and a 
flow pyramid was constructed based upon functional groups to assure biomass 
among producers and primary consumers could support higher trophic levels. This 
balanced model served as our base model for the seagrass ecosystem.
Sensitivity Analyses
We used three simulation approaches to address how variation in input data 
would affect model balance and estim ated EEs of the model groups. Simulation 1 
adopted the approach used by Essington (2007) to analyze sensitivity of input 
values. Using a version of Ecopath program m ed in R (K. Aydin and S. Gaichas, NOAA- 
NMFS, unpublished R code), we constructed a simulation routine to add random 
variation to all input param eters and calculated prediction error variance across all 
simulations (n=1000) for each model group and for the model as a whole. First, 
random error (a lognormally distributed random variable with 5% coefficient of 
variation, CV) was added to each input field (£?, P/B, Q/B, and to each value in the 
diet matrix) and new input and diet matrices w ere generated to run Ecopath. The 
simulations resulted in an array of predicted EEs and mean prediction error (a2) for 
each model group. Mean prediction erro r (Essington 2007) was calculated as:
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£ l n  (EE.eJ E E ,)
a 2 = —--------------------  Eq. 4
where, for each group i, EEi is the base model value, EEi, est is the simulated model 
value, and n is the number of model groups. We then recovered the model CV, 
calculated as the ratio of the square root of the mean prediction error variance from 
Eq. 4 and the mean EE of all model groups, to determ ine the error of the output 
estimates given the amount of variation introduced to the input data.
Because the first simulation does not address model balance, we generated a 
second simulation to evaluate the degree to which input param eters could be 
changed, while still maintaining model balance. This question is im portant given 
both observation error in field-collected data and the fact that these systems are 
naturally dynamic and undergoing anthropogenic change. For Simulation 2, a 
similar approach for assigning random variation was used, only instead of 
introducing a lognormal random variable with a CV of 5%, we generated a pedigree 
table (based upon the EwE pedigree assignments, Christensen and W alters 2004) 
whereby variable error was applied to the biomass input for each model group 
depending upon our confidence in the data. We assigned differing levels of 
uncertainty for biomass inputs based upon w hether the data w ere collected for this 
study, collected in a similar system, or taken from another model. The smallest 
variation (10% CV) used to generate simulated input data was applied to data 
collected as part of this study, while the m ost uncertain input values (educated 
guesses based on other systems, studies, or models) w ere assigned the largest 
variation of 70% CV (Table S5). Biomass was the only param eter manipulated in 
this simulation due to its overall influence in the model, as determ ined by 
exploratory analyses of each param eter and previous findings (Essington 2007).
The data generated for Simulation 2 w ere used in multiple runs of the 
Ecopath model (n=1000), with the resulting model output grouped according to 
whether the model balanced (all EEs <1) or not (any one model group with EE> 1).
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Mean biomass values for each pool (balanced/unbalanced] were calculated and a t- 
test (a=0.001, adjusted to account for multiple testing) was used to determ ine 
differences between the balanced and unbalanced model groups. Results from this 
simulation allowed us to identify which groups were m ost likely to result in an 
unbalanced model.
For Simulation 2, random variation was added to all model groups 
simultaneously during the simulation process; however, one artifact of this 
approach is that a given biomass for one model group could lead to model balance 
or non-balance depending upon the input values of interacting groups (e.g., 
predators or prey). To better understand the range of feasible biomass inputs for 
any one model group, Simulation 3 utilized an iterative approach, whereby only one 
model group was manipulated at a time, to determ ine the sensitivity of that one 
group within the general structure of our seagrass model. For Simulation 3, we 
added random variation to the biomass inputs (n=1000, CV=20%, which was 
approximately the average model pedigree) for each model group and ran the 
Ecopath model. The simulation runs w ere grouped into balanced and unbalanced 
pools and biomass means, minimums, and maximums w ere extracted for each 
model group for both pools. The output indicated which model groups had 
biomasses that were elastic, as well as which groups w ere at the high/low  end of 
necessary biomass for supporting the model structure.
Scenario Development
To construct the sub-models with which to compare the base model, we 
evaluated historical finfish data (Sobocinski et al. 2013, Heck and Orth 1980) and 
reviewed the literature for documented and hypothesized impacts of changing 
climate and anthropogenic activity in Chesapeake Bay. We developed two sub­
models, "hindcast” and "forecast" scenarios, based on these findings (Table 2) using 
±30 yr as a realistic timeframe for change, respectively. While we relied on existing
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data to the extent possible for the hindcast scenario (-30 yrs), the forecast scenario 
(+ 30 yrs) was exploratory based upon current understanding of expected changes 
in the system as a whole, observations of changing fish distributions, and likely 
impacts related to climate change in this region (Najjar et al. 2010). We used input 
values (typically on the order of ± 20%) that would im part realistic changes w ithout 
forcing a system collapse.
Although biomass values w ere the target of the sub-model manipulations, we 
made the assumption that diets of generalist predators would shift with shifting 
abundances of prey (Hunsicker et al. 2011). For example, in the forecast model, the 
abundance of pinfish (Lagodort rhomboides) was increased compared to the base 
model; with increased availability, piscivores would likely consume proportionally 
more of this species. We did not alter the P/B  inputs, as these values are difficult to 
measure and the input values in the base model generally were not collected for this 
study; thus, for simplicity, we opted to keep these values constant. We did, however, 
alter the Q/B values, as tem perature has a known effect on consumption and growth 
(Brett 1979, Paloheimo and Dickie 1966). We explored the range of Q/B ratios for a 
sample of common finfish species in FishBase (Froese and Pauly 2013) using the 
empirical estim ator in the FishBase Life History Tool and ±2°C from the base model 
(30°C) for tem perature input. Given that the resulting Q/B ratios were 
approximately 10% different, we applied a standard change o f-10% to the base Q/B 
values for the hindcast data and +10% to the base values for the forecast dataset, 
reflecting likely changes to consumption as a result of metabolic costs.
Food Web Structure
We were interested in the food web structure of our model system and how 
it compared to other food webs modeled using this framework. Also we wanted to 
describe how the base model compared to the two sub-models (hindcast and 
forecast) we generated. We evaluated topological food web structure using a binary
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web designed to describe topologies and calculated values for several food web 
properties, such as connectance (C=L/S2, where L is the number of linkages in the 
web and S is the number of "trophic species” or model groups], linkage density 
(LD=L/S), and fractions of feeding modes commonly used to describe food webs 
(described in Coll et al. 2008 and based upon the w ork of Williams and Martinez 
2000).
Additionally, we used many of the Ecopath food web properties to describe 
energy flows and interactions among model groups. These outputs used predation 
mortality and the mixed trophic impacts analysis as the basis for analysis 
(Christensen et al. 2008). Mixed trophic impacts analysis is based on Leontief 
(1951) and serves as a tool for investigating the direct and indirect interactions of 
model groups. This analysis also underlies the keystoneness routine (Libralato et al. 
2006). Ecopath uses Libralato et al.’s modification of the definition of Power e t al. 
(1996), where a keystone species (or model group) is one with a strong structuring 
role within an ecosystem but with relatively low biomass. Because the mixed 
trophic impacts analysis and keystoneness metric describe how changes in biomass 
of one model group impacts others, these routines serve as a proxy for interaction 
strength, expressing which groups exact strong influence on the entire food web. In 
addition to Ecopath outputs, we generated food web properties using the R 
packages "foodweb” (Perdomo et al. submitted] and "cheddar” (Hudson et al. 2013).
Ecological network analysis outputs from the Ecopath Network Analysis 
Plug-in (Christensen at al. 2008) were used to describe whole ecosystem properties 
(e.g. total system throughput, ascendency, overhead, system omnivory) based on 
energy flow (Christensen and Walters 2004, Ulanowicz 1986). Several authors have 
used ecological network analysis for system or model comparison (Baird 2009, 
Monaco and Ulanowicz 2007, Dunne et al. 2002) and we used this approach as the 




Model balancing was successful after changes to a few key input values, 
especially biomass inputs for the forage fishes, Bay Anchovy and Atlantic Silverside. 
It is likely that both species w ere under-sam pled by the gear used to collect fish 
biomass data (otter trawl designed for demersal species and tramm el net used to 
capture larger predators]. Both species are also central components of the 
Chesapeake Bay food web, and as such, experience high predation pressure 
(Hartman and Brandt 1995, Baird and Ulanowicz 1989]. For both model groups, 
biomass inputs were adjusted upward (0.01 to 0.5 g /m 2 for Bay Anchovy and 0.005 
to 0.01 g /m 2 for Atlantic Silversides], until the EEs w ere less than 1. Other 
significant changes to inputs during the balancing process included decreasing the 
biomass and Q/B of gelatinous zooplankton (122 to 12 g /m 2 and 35.2 to 20, 
respectively) and slightly increasing the phytoplankton biomass and P/B  estim ates 
(from 10.6 to 15 g /m 2 and from 141 to 220, respectively). Following these changes, 
only minor adjustments to predation mortality from generalist predators within the 
diet matrix (e.g., broadening the diets of Summer Flounder, Striped Bass,
Piscivorous Birds, and Other Piscivores) were necessary to achieve model balance 
(Table 1).
The final base model resulted in all model groups with EEs between zero and 
one, as required for mass balance. The param eter EE provides some indication of 
the connection of predators to their prey; high EEs indicate higher connection 
between a predator and prey within the model system, while low er EEs indicate less 
linkage. In our model, EEs w ere zero for groups that w ere not consumed within the
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model domain [e.g., Bottlenose Dolphins, Piscivorous Birds, Northern Pufferfish, 
Atlantic Spadefish, and Cownose Ray) and w ere as high as 0.94 for Epiphytic Algae, 
which is heavily consumed by Mesograzers. Other groups with high EE values 
(>0.75) included Speckled Trout, Bay Anchovy, Atlantic Silverside, and 
Phytoplankton.
In general, P/Q values (also referred to as the gross food conversion 
efficiency, GE) were lower than the rule of thum b of 0.1-0.3 (Christensen et al. 
2008), except for the invertebrates, which tended to have high P/Q values—likely 
due to their higher turnover. Similarly, some respiration rates for the fishes (in 
particular, the generalists and planktivores) tended to be higher than the rule of 
thumb (e.g., 1-10 for finfish, 50-100 for invertebrates, Christensen et al. 2008) and 
were lower for the invertebrates. During the model param eterization process, we 
adjusted input values for the Q/B param eter to achieve respiration rates more in 
line with reference values. However, with the use of empirically-derived estimates, 
it is possible that rates in this shallow w ater tem perate system are different than 
those resulting from the empirically-derived equations.
Input Sensitivity
All model simulations were performed using a version of Ecopath 
programmed in R, following confirmation that the output was identical to that 
obtained from Ecopath. Simulation 1 (where mean prediction erro r with input 
variance of 5% CV was calculated for all model groups) resulted in model mean 
cr2=0.001, which corresponds to a CV of 0.113 (11.3%) and suggests that prediction 
error was similar to input error. Prediction erro r CV of 11% was similar to the 
results of Essington (2007), where m ost models had prediction error CVs of less 
than 10%, although some w ere as high as 30%. More than half (57%) of the models 
in Simulation 1 resulted in model balance, indicating tha t the model is moderately 
robust to lognormal variation with a 5% CV added to all model groups. In an
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exploratory analysis, the diet param eters were the m ost robust to variance in input 
values, while biomass was the most sensitive, with P/B  and Q/B falling in between.
For Simulation 2, only 13% of the models balanced. The model groups 
contributing most to the lack of balance were: Other Piscivores, Speckled Trout, 
Epiphytic Algae, and Seagrass. These four groups are tightly linked to predators or 
prey and, in general, have high predation mortality or are responsible for high 
mortality among their prey items. The pedigree-based variance values (CV=10- 
70%) were much greater than the 5% CV used in Simulation 1, and the added 
variation negatively impacted model performance.
Statistical significance among mean biomasses for balanced and unbalanced 
models was detected for about one-fifth of the model groups (Table S5). For higher 
trophic level groups that were very sensitive to biomass input values (e.g., 
Piscivorous Birds), the majority of balanced models had biomass input values well 
below the base model value. For lower trophic levels (e.g., Bay Anchovy and 
Epiphytic Algae), the balanced models had input biomass values greater than the 
base model biomass values. There was no relationship between significance in 
biomass differences and EE (i.e., groups with significant differences in mean 
biomass were not just those with high EEs) or significance in biomasses and 
pedigree (i.e., significant groups were not only those with more variance added and 
groups with the highest added variance did not necessarily have a difference in 
mean biomass for balanced and unbalanced models).
In Simulation 3, a similar pattern of differences between balanced and
unbalanced model groups as in Simulation 2 occurred; groups tightly linked as prey
(e.g., Speckled Trout, Bay Anchovy, and Epiphytic Algae) had higher biomasses in
the balanced model group (Fig. 1), while those tightly linked as predators
(Mesograzers on Epiphytic Algae) had lower biomasses in the balanced pool. This
result suggests our base input values are m ost sensitive when p redato r/p rey
linkages are tight, irrespective of base model EEs (see further discussion on linkage
strength below). Additionally, more than half of the model groups w ere not sensitive
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to variation in input values of the magnitude explored (i.e., those w ithout 
corresponding dark gray symbols in Fig. 1).
Ecosystem Structure
Trophic level (TL) estimated by Ecopath ranged from 1 (Primary Producers) 
to 3.72 (Piscivorous Birds) (Table 1). Other groups with high trophic level 
designations (>3.5) include Bottlenose Dolphins, Elasmobranchs, Striped Bass, and 
Other Piscivores. The trophic level calculation in Ecopath is based upon Odum and 
Heald (1975) and is a weighted average of 1 + the weighted average of the preys’ 
trophic levels. The total number of trophic positions in the model was 8. The mean 
TL across all groups was 2.59, with a mean of 2.86 among consumers, indicating that 
most model groups preyed on prim ary consumers.
The base model had a total of 205 linkages (L) out of a possible 1225 (S2), a 
linkage density of 5.86 (LD=L/S) and a directed connectance (C=L/S2) of 0.17 (Table 
3). Connectance is defined within Ecopath as C=L/(S - l ) 2 and when calculated with 
this convention, C=0.18. The system omnivory index was 0.28; this metric is an 
indication of how the feeding interactions are distributed across trophic levels and it 
is calculated by Ecopath as the average omnivory index of all consumers weighted 
by the logarithm of each consumer's food intake. The fraction of omnivory within 
the model was 80%, illustrating that m ost predators were generalists that 
consumed prey across multiple trophic levels. Additionally, the fraction of 
intermediate groups, or those which function as both predators and prey, was 80%, 
with only 6% of the model groups identified as top nodes. Here the term  top node 
does not necessarily refer to the highest trophic level, but rather to nodes that are 
not consumed by other groups in the model, such as Elasmobranchs and Northern 
Puffer. The fraction of primary producer and detritus groups, the basal nodes, was 
14%.
The model groups with the greatest num ber of total linkages (e.g., both as
predator and prey) based on topology included Mesozooplankton (23), Blue Crab
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(20), Detritus (19), Summer Flounder (18), Shrimp (18), Bay Anchovy (17), 
Polychaetes (17), and Spot (17) (Fig. 2). These eight groups account for over one 
third (36%) of the total number of linkages in the food web. The least connected 
group was Gelatinous Zooplankton, with only 3 linkages. The Seagrass model group 
had 9 linkages, reflecting that while it is typically not directly consumed in this 
region, except by Mesograzers, it does show up incidentally in diets of animals 
consuming seagrass-associated fauna. The model showed a high degree of 
generalization among the Fmfishes and dem onstrated the key role several lower 
trophic level groups, such as Mesozooplankton, Mesograzers, and Bay Anchovy have 
in moving energy through the food web (Fig. 2 and Fig. SI). Transfer efficiencies 
were highest for lower trophic levels (especially from producers to the second 
trophic level, at 14.5%) but low (2%) for the system as a whole.
Mean predation intensity, defined as the average predation intensity (Pz) 
across all model groups, where Pz is the proportion of a group's total mortality 
accounted for by each predator, was 0.06. Essington (2007) noted mean Pz values of 
0.06 to 0.23 among the models he analyzed, suggesting that predation intensity in 
our seagrass model was low and that m ost interactions were weak. The strongest 
linkages in our model were between Mesograzers and Epiphytic Algae (0.94), 
Piscivorous Birds and Speckled Trout (0.82), Mesozooplankton and Phytoplankton 
(0.61), and Mesograzers and Mesozooplankton (0.52, which is attributable to the 
inclusion of harpacticoid copepods in the Mesozooplankton model group). The top 
predators, Piscivorous Birds, Striped Bass, Summer Flounder, and Other Piscivores, 
all had multiple intermediate linkages (0.2< Pz <0.5), suggesting that these groups 
exert strong predation mortality on their prey and may exhibit some top-down 
control in the system; linkages for most other groups w ere <0.01.
Related to linkage strength, Ecopath’s mixed trophic impacts analysis
revealed that while most impacts were weak, there were several strong negative
impacts (typically a consequence of direct predation). For example, Other Piscivores
showed negative impacts on Striped Bass, likely because juvenile striped bass
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appear in the diets of the aggregated group of piscivores. Similarly, Piscivorous 
Birds negatively impacted Speckled Trout, as Speckled Trout are a large com ponent 
of osprey diets (Glass and Watts 2009), and osprey is the predom inant 
representative in the aggregated bird group. Piscivorous Birds positively impacted 
some lower trophic level fishes, such as the two pipefish groups and Atlantic 
Silverside, presumably because these groups would see a release from predation 
pressure with an increase in bird biomass.
There were five model groups with keystone index values indicating a 
structuring role in the foodweb: Piscivorous Birds, Other Piscivores, Summer 
Flounder, Striped Bass, and Mesograzers (in descending order of keystone strength 
and relative total impact, which takes into account total biomass and trophic impact 
of the model group, Fig. 3). These groups all had keystone index values >0 (index 
values ranged from 0.4 to -2.5 in our model, similar to the values in models analyzed 
by Libralato et al. 2006). Groups with the w eakest impact (keystoneness index <- 
1.5) were: Other Benthivores, Pinfish, Bottlenose Dolphin, and Atlantic Spadefish.
Energy flow properties were derived from the Network Analysis module 
within Ecopath (Table 3). Total system throughput, defined as the sum of all flows of 
energy that enter and exit a food web or food web com partment during a unit of 
time, was 28,716 g /m 2 for the system for the model period. Among the model 
groups, the highest throughput was for Detritus (10,131 g /m 2), w ith Mesograzers 
(5,223 g /m 2), Phytoplankton (3,300 g /m 2), Benthic Algae (2,816 g /m 2), Seagrass 
(2,247 g /m 2), and Mesozooplankton (2,000 g /m 2) also contributing significantly. 
These six groups account for 89.6% of total throughput in the system. Total system 
throughput provides a valuable overall indication of the importance of a model 
group to the food web because it integrates production, respiration, and m ortality 
into one measure.
Ascendency, which is a measure of the magnitude and diversity of flows
between compartments and reflects on the functional attributes of the system, was
36,619 (measured in flowbits, or the product of flow, g /m 2/y, and bits, which are an
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information unit that corresponds to the am ount of uncertainty associated with a 
single binary decision in the network analysis (Christensen et al. 2008)). High 
ascendency is marked by complex trophic structure and high system productivity. 
The largest component of ascendency was internal flow (20,409) with import, 
export, and respiration contributing less to the measure. It should be noted that the 
total ascendency in our model system is similar to that described by Baird and 
Ulanowicz (1989, and summarized in Baird 2009) for Chesapeake Bay, although the 
proportion of system capacity accounted for by ascendency was 10% less in our 
model. The antithesis of ascendency is overhead, which is a m easure of system 
disorganization. The overhead in our seagrass system was 78,017 flowbits (68.1%), 
or almost double the ascendency, suggesting some disorder in the system, perhaps 
resulting from omitted but im portant com partm ents or the highly dynamic nature 
of shallow water systems.
One concept that relates to the flow of energy through the food web is 
cycling, whereby material begins and ends in the same com partm ent (e.g., Detritus). 
Cycling is thought to enhance ecosystem stability and affect ecosystem structure 
through buffering of energy supply (Allesina and Ulanowicz 2004). There were a 
total of 1,949 cycles identified within the model. A commonly used index, Finn's 
Cycling Index (Finn 1976), was calculated for the model as 10.9% of total 
throughput. This value is low compared to other estuaries (Baird 2009); however, 
comparisons to whole estuaries may not be appropriate given that our model is 
confined to one of several discrete estuarine habitats.
Scenarios
The two sub-models were constructed with the same num ber of model
groups as the base model for purposes of comparison (Table S6, hindcast; Table S7,
forecast). Both the hindcast and forecast models suffered from the same general
problems in model balancing that the base model did: the biomasses of forage fishes
and phytoplankton needed to be adjusted upwards. Additionally, for the hindcast
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model, some of the predators (e.g. Other Piscivores) w ere out of balance due to low 
abundances in the historical dataset (not unexpected given the small bottom  trawl 
used by Orth and Heck 1980). For these groups, we retained values from the base 
model and adjusted them based upon indices of abundance from other sources for 
the hindcast period (see Table 2). For both sub-models, diets of piscivores were 
adjusted to reflect the relative change in biomasses of prey species; for example, for 
the forecast model, with the projected increase in abundance of Pinfish, predator 
diets were changed to reflect the increased presence of this species, which is known 
to be a trophic link in seagrass systems in more southerly estuaries (Harter and 
Heck 2006).
Mean trophic level (TL) was similar for the three models, w ith the base and 
forecast models both having overall mean TL of 2.59 and the hindcast model 2.58. 
Mean TLs among the individual model groups w ere similar between the three 
models, except for a few piscivores (e.g., Speckled Trout), which saw  a slight 
increase in TL in the forecast model, given the addition of Pinfish to their diets. 
Pinfish were also notable for the increase in EE in the forecast model (0.52), 
reflecting more of the biomass of this species being used within the system in the 
forecast scenario. In the forecast model, the EEs for Mesozooplankton and Epiphytic 
Algae were about half of those from the base model, manifesting the hypothesized 
reduction in Mesograzers associated with seagrass habitat loss in the forecast 
scenario.
When the topologies of the sub-models w ere compared, they did not vary 
from each other or the base model considerably (Table 3). The total num ber of links 
differed by one for the hindcast model (206, versus 205 in the base model) and 
slightly increased in the forecast model (213), due to the addition of Pinfish and 
associated trophic connections. Linkage densities were slightly higher in both sub­
models (5.89 and 6.09 for the hindcast and forecast, respectively). Connectance, the 
fractions of feeding modes (omnivory, cannibalism, and herbivory), and the fraction
of groups in each trophic position (top, interm ediate, and basal) w ere the same for
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all three models. Connectivity among the model groups (links as predator and prey) 
were also the same for all three models, w ith Mesozoplankton as the most 
connected and Gelatinous Zooplankton the least connected group. Since pinfish 
were more abundant in the forecast model and due to changes in the diet matrix, 
this species had increased connectivity from 9 total connections in the base model 
to 13 in the forecast model.
The strongest interactions (Pz) in the hindcast model were between 
Piscivorous Birds and Hogchoker (0.86), Other Piscivores and Striped Bass (0.82), 
Mesograzers and Epiphytic Algae (0.70), and Mesozooplankton and Phytoplankton 
(0.58). For the forecast model the strongest interactions were Piscivorous Birds and 
Speckled Trout (0.90) and Mesozooplankton and Phytoplankton (0.55); in general, 
this model had the fewest strong linkages. Keystone species in the submodels w ere 
the same as those in the base model, w ith Piscivorous Birds, Summer Flounder, 
Other Piscivores, Mesograzers, and Striped Bass all having index values greater than 
zero. In the hindcast model, Spot and Speckled Trout also had high keystone index 
values, reflecting their increased abundance and trophic importance in this sub­
model.
When ecosystem network analysis was compared across submodels (Table 
3), total system throughput was lowest in the forecast model (25,918 g /m 2) and 
intermediate in the hindcast model (26,018 g /m 2). The sum of all exports was 
highest for the forecast scenario. Ascendency was highest in the base model and 
intermediate in the forecast model, but overall only varied by 1.4% among the three. 
Overhead was highest in the hindcast scenario and total capacity was highest in the 
base model with the forecast model being the lowest. While the forecast model had 
the greatest number of cycles (2264, versus 1949 for both the hindcast and base), 
Finn's Cycling Index was considerably lower for this model (6.47%), indicating that 
less material was retained in the system in this model scenario.
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DISCUSSION
Our trophic model was successful at elucidating im portant linkages within 
the seagrass food web and we described several ecosystem properties that show the 
flux of energy within this system to be considerable. This study provides a habitat- 
specific model for the region that could be coupled with ongoing modeling efforts 
(e.g., EwE and Atlantis) at broader scales to further enhance the understanding of 
the contribution of seagrass habitats to the functioning of Chesapeake Bay. 
Additionally, coupling this model to a larger-scale model would allow for realistic 
exchange (immigration and emigration) betw een domains, which would enhance 
the understanding of energy flow beyond seagrass boundaries. With the 
identification of major predato r/p rey  linkages, connectivity of model groups, and 
structuring forces within the food web, we have improved the understanding of this 
habitat type and its contribution to secondary production in lower Chesapeake Bay.
Model Structure
While some species aggregation within model groups is generally necessary 
when constructing ecosystem models, the num ber of com partments within our 
model was similar to other models of estuarine systems (Christian and Luczkovich 
1999, de Mutsert et al. 2012), including existing Chesapeake Bay food web models 
(Baird and Ulanowicz 1989, Christensen et al. 2009). One notable difference is that 
we placed more emphasis upon non-commercially harvested fishes in our model. 
For example, the two pipefish species {Syngnathus floridae, Dusky Pipefish, and 5. 
fuscus, Northern Pipefish) included in the model, are not commercially im portant,
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but occur in high abundances in the system and are tightly connected to the habitat 
type (Ryer and Orth 1987). These species were included for their prevalence in the 
study system, despite not appearing to be an im portant prey item for higher trophic- 
level predators or being commercially relevant One model group not included in the 
present model was bacteria, which Baird and Ulanowicz (2009) showed to be tightly 
connected with phytoplankton in the w ater column and responsible for a large 
exchange of energy within the benthos. However, this group is not well quantified 
for our seagrass system and was omitted from the model, but likely represents a 
significant additional source of cycling. The inclusion of detritus among the most 
connected model groups in our model supports the paradigm that seagrass systems 
are detritus driven. We feel that the model represents m ost of the im portant species 
and /o r trophic guilds and energy flows within lower Chesapeake Bay seagrass 
habitats, but improvements could focus on microbial com partments and lower 
trophic levels in general.
Overall, the model was brought into balance with modest changes to input
values, with the exceptions of gelatinous zooplankton, phytoplankton, and forage
fish biomasses. Other researchers have found biomass input values for forage fishes
from field-collected data to be less than those typically needed to satisfy mass-
balance demands (de Mutsert et al. 2012), and indeed, this was our most significant
problem. Additionally, while Bay Anchovy appear in the diets of many Chesapeake
Bay species, it is not known what proportion of these are consumed in structured
habitats, such as seagrasses, versus open water. The diet import term  accounts for
outside foraging, but without greater insight into predator-prey interactions over
large spatial scales, we may not be correctly representing this species in the diets of
predators collected specifically in seagrass habitats. With reference to the necessary
reduction in Gelatinous Zooplankton biomass to achieve model balance, adding an
additional model compartment for larval fishes may have helped to alleviate the
problems in balancing this group, as it would have provided an additional prey
category and relieved pressure on both the Bay Anchovy and Mesozooplankton
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compartments. Gelatinous zooplankton are abundant in Chesapeake Bay during the 
mid-summer months, but they also may be susceptible to wind-driven movements 
which may enhance their aggregations (and thus, localized abundance) in near­
shore shallow areas, such as seagrass beds.
The relative importance of low-trophic level species such as Mesograzers, 
Mesozooplankton, Bivalves, Blue Crabs, and Bay Anchovy in moving energy from 
primary producers through to higher-trophic level fishes was confirmed in our 
model. The importance of these model groups, especially Mesograzers, in 
maintaining function in seagrass systems has been well-described experimentally 
(Duffy et al. 2005, Whalen et al. 2013), and our model validated the effects of these 
groups in a broader multi-species ecosystem context Additionally, our model 
showed Mesograzers as a keystone species in this habitat, which further supports 
their role in maintaining ecosystem function (Duffy and Hay 2000, Valentine and 
Duffy 2006). In addition to Mesograzers, the importance of Mesozooplankton in 
trophic transfer within this habitat was notable. This group was prim arily made up 
of copepods and mysid shrimp, the latter of which w ere common in stomachs of 
many fish collected in this habitat (K. Sobocinski, unpublished data). While mysids 
appear regularly in Chesapeake Bay fish diets (Buchheister and Latour, In Review), 
they are not well studied and their relative abundance and importance in seagrass 
habitats compared to other habitats in Chesapeake Bay deserve further 
investigation.
Food Web Structure
The similarity in the structural components of the food webs among the
three models in our analysis was som ew hat expected, given that the Ecopath model
is a simplification of the system encompassing the m ost abundant and characteristic
species of the habitat. The distributions and abundances of these species in
Chesapeake Bay seagrases have largely stayed the same in the past 30 years
(Sobocinski et al. 2013), and this suite of species is generally well-adapted to the
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dynamic nature of the Bay and this shallow habitat. Compared to o ther topological 
food web models [summarized in Dunne et al. 2002), the linkage densities in all 
three of our models were low, with 5.86 links per model group in the base model. 
However, in term s of model groups, our food web was less complex than many of 
those previously summarized, which included models w ith 25 to 172 groups [Dunne 
et al. 2002). Linkage densities have been shown to increase in response to num bers 
of species in a web [Pimm et al. 1991). Connectance in our system [0.17) was 
average when compared to a range of food webs (terrestrial and aquatic), but 
slightly higher in relation to other estuarine systems (Dunne et al. 2002). May 
(1972) hypothesized that stable systems would be those with sufficiently small 
connectance, and subsequent research has shown that connectance levels are 
generally well below one. Therefore, our model system is typical in its connectance, 
especially given the degree of aggregation in the web.
Sensitivity to small variation in input values was low for our seagrass food 
web model. Given the natural flux in abiotic structuring factors occurring in this 
shallow estuarine habitat, the system may be more robust to biomass variations 
than less dynamic systems. Additionally, the role of generalism in stabilizing the 
food web seems evident More model groups were impacted with higher variation in 
biomass input (20% CV), but many groups w ere robust even to this level of 
perturbation. The lack of sensitivity to varying inputs, especially among the top 
predators (Striped Bass, Bottlenose Dolphins, Elasmobranchs) may be due to the 
fact that many of the top predators derive a substantial portion of their diets while 
outside the model domain (represented in our model by Diet Import, with values 
>80% for top predators). However, Summer Flounder, Piscivorous Birds, Other 
Piscivores, and Striped Bass all had strong interactions with several prey types, 
indicating their importance in the seagrass food web and their role as top predators. 
Given their tight linkages to prey groups, the relative insensitivity to changes in 
input biomass is surprising. These groups are likely im portant in the transfer of
energy produced in this system and drive top-down control.
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Observations of direct trophic interactions can indicate ecosystems 
dynamics, but do not explicitly reveal im portant indirect interactions [Monaco and 
Ulanowicz 1997), which predation mortality, mixed trophic impact, and 
keystoneness metrics help to explain. The food web topologies showed a high 
degree of omnivory (80% for all three models) and the biomass-weighted system 
omnivory index (SOI) as calculated in Ecopath, also showed a high degree of 
omnivory (0.28 for the base model, with values closest to zero indicating specialized 
feeding and larger values indicating predation on several trophic levels) when 
compared to other systems (e.g., Tomczak et al. 2009 for Baltic ecosystems). Once 
thought to destabilize food webs (Pimm 1982), omnivores have more recently been 
identified as important stabilizing components of food webs, especially when 
interaction strengths are weak (McCann and Hastings 1997, Emmerson and 
Yearsley 2004). Given the num ber of w eak interactions and high proportion of 
omnivores in our system, it would seem our system follows this paradigm.
One of the strongest interactions was betw een Piscivorous Birds and their 
prey, especially Speckled Trout, which was identified by Glass and W atts (2009) to 
be the main prey of osprey (the dom inant species in the Piscivorous Birds 
compartment) in the lower York River. Additionally, Piscivorous Birds w ere shown 
to have the greatest keystoneness of all groups in the model, suggesting that their 
influence on the foodweb is strong, despite their low biomass in our model. Other 
ecosystem models have shown the importance of birds in structuring coastal food 
webs (Wootton 1992, Christian and Luczkovich 1999, Harvey et al. 2012a, 2012b.) 
and the populations of many species of piscivorous birds, including osprey, bald 
eagle, and other coastal species have rebounded locally since the 1970s (Viverette et 
al. 2007, Watts and Paxton 2007); however, relatively little research has been 
conducted in this region connecting fish populations with avian predators.
Ecosystem Properties and Climate Change
While the comparison of topologies among our three models did not reveal
considerable differences, there w ere some notable differences when ecosystem
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properties were compared. Several authors have described ecosystem health or 
maturity in terms of the relative quantity of ascendency and overhead in ecological 
systems (Ulanowicz 1986, Costanza and Mageau 1999). Our models showed that our 
system had approximately 2x the overhead value as ascendency, indicating a more 
generalist system with weaker transfer efficiencies and fewer cycles. Finn's Cycling 
Index also showed a low am ount of retention in the system. Given the other metrics 
we evaluated with both food web topology and interaction strengths, the synopsis 
regarding a more generalist system with weak transfer efficiencies would seem to 
hold. The high degree of variability on multiple time scales (e.g., daily, monthly, and 
seasonal cycles), and the overall high levels of overhead within the system may be 
necessary for the system to respond to dynamic conditions, something that may not 
be reflected in the system snapshot our model presents, but nonetheless may be 
characteristic of shallow w ater habitats.
Related to changing climate, and specifically the increase in w ater 
tem perature documented within Chesapeake Bay over the last several decades 
(Najjar et al. 2010, Sobocinski et al. 2013), we expected to see changes in the 
ascendency and overhead in our system. For example, Baird et al. (1998) showed 
that a 5°C tem perature change in the w inter months of a Florida seagrass bed 
resulted in higher species diversity and a much more complex and active system, 
but also less efficient cycling. Baird and Ulanowicz (1989) showed that among 
seasons in Chesapeake Bay, the sum m er food web had more redundancy, but with 
elevated respiration (overhead) and less organization than food webs for the cooler 
seasons. We expect that the increasing metabolic costs with rising w ater 
tem peratures may lead to increasing values of ecosystem overhead, reducing the 
overall efficiency of the system; however, overhead in the forecast model was only 
slightly higher than for the base model.
The lack of difference among the submodels suggests that the system may be
robust to variations in biomasses and rates associated w ith production and
consumption, in light of the magnitude of changes to input values we imposed. Baird
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[2009] incorporated ambient tem perature changes across seasons (rather than 
long-term change) and showed that changes in environmental conditions influenced 
ecosystem organization and structure, as well as functioning. In addition, proximal 
conditions such as hypoxia may have shifted energy transfer from consumers to 
microbial components. However, the effects on system flow were clear even within 
the range of natural variability. Considering our simulation analyses did not uncover 
considerable model sensitivity, perhaps the extent of change we invoked in the 
scenarios (particularly the forecast scenario) was too conservative for the sum m er 
period, which is already less structured (Baird and Ulanowicz 1989). Alternatively, 
perhaps we needed to more explicitly account for increased metabolic costs 
associated with increasing tem perature for marine organisms, especially fishes.
The impacts of climate on individual species is of great interest, but 
community responses are the most uncertain types of ecosystem responses because 
they involve a suite of interacting species and abiotic features (all the species in the 
community and the habitats that are used), as well as direct and indirect effects of 
climate drivers (Hollowed et al. 2013). Given that more complex habitats have been 
shown to support higher abundances of invertebrates and fishes, we expected that 
decreasing seagrass coverage and increasing tem perature demands would lead to a 
less complex food web, with fewer trophic linkages and a reduction of energy flow 
among compartments. However, disruptions to tropho-dynamics in this system may 
be ameliorated by the generalist nature of m ost of the fish species present in these 
habitats (see Sobocinski et al. 2013 for a species list) and the overall contribution of 
cosmopolitan zooplankton species (copepods and mysid shrimp) to the food web. In 
addition, the dynamic nature of estuarine systems, and specifically shallow w ater 
habitats, may select for species that are capable of adapting to changing conditions, 
either through prey switching or alternate habitat selection. These mechanisms for 
adaptation should be explored more thoroughly, both in the field and 
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TABLES
Table 1. Balanced base Ecopath model param eter values. Ecotrophic Efficiency (EE) 
values estimated by the model are in blue italics.
Group name Trophic level Biomass (g/m1) P/B Q/B EE P/Q
1 Elasmobranchs 3.54 0.001 0.20 1.40 0.035 0.143
2 Bottlenose Dolphin 3.60 0.010 0.13 1.40 0.000 0.093
3 Piscivorous Birds 3.72 0.010 0.17 115.00 0.000 0.001
4 Other Generalists 3.20 0.013 1.50 46.70 0.358 0.032
5 Other Piscivores 3.58 0.042 0.75 13.60 0.628 0.055
6 Other Benthivores 2.31 0.036 0.75 44.60 0.071 0.017
7 Pinfish 2.85 0.013 0.62 11.00 0.026 0.056
8 Atlantic Spadefish 2.25 0.009 0.59 23.30 0.000 0.025
9 Atlantic Menhaden 2.50 0.200 1.54 31.40 0.710 0.049
10 Cownose Ray 2.96 2.930 0.50 5.20 0.000 0.096
11 Striped Bass 3.70 0.028 0.66 9.40 0.310 0.070
12 Gizzard Shad 2.05 1.591 0.78 39.50 0.035 0.020
13 Atlantic Croaker 2.92 0.163 0.82 11.50 0.657 0.071
14 Northern Puffer 2.82 0.085 1.03 25.20 0.000 0.041
15 Speckled Trout 3.40 0.005 0.45 8.80 0.817 0.051
16 Summer Flounder 3.44 0.100 0.72 9.20 0.281 0.078
17 Hogchoker 2.98 0.033 0.47 16.20 0.369 0.029
18 Northern Pipefish 3.03 0.025 1.35 27.20 0.054 0.050
19 Dusky Pipefish 3.30 0.030 1.26 25.90 0.025 0.049
20 Atlantic Silverside 2.86 0.010 2.24 15.00 0.827 0.149
21 Bay Anchovy 2.81 0.500 1.29 20.00 0.906 0.065
22 Silver Perch 3.13 0.225 1.73 14.50 0.270 0.119
23 Spot 2.37 0.366 0.76 29.00 0.493 0.026
24 Mesograzers 2.10 208.900 5.70 25.00 0.003 0.228
25 Shrimp 2.55 3.300 5.70 15.00 0.155 0.380
26 Blue Crab 2.77 1.988 5.70 10.00 0.087 0.570
27 Polychaetes 2.00 77.300 4.90 8.00 0.040 0.613
28 Bivalves 2.05 256.500 2.90 3.68 0.007 0.788
29 Gelatinous 3.00 12.000 8.80 20.00 0.001 0.440
30 Mesozooplankton 2.00 40.000 25.00 50.00 0.723 0.500
31 Benthic Algae 1.00 35.200 80.00 0.00 0.308
32 Epiphytic Algae 1.00 321.800 2.60 0.00 0.939
33 Phytoplankton 1.00 15.000 220.00 0.00 0.797
34 Seagrass 1.00 2316.000 0.97 0.00 0.349
35 Detritus 1.00 500.000 0.318
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Table 2. Hindcast and Forecast submodel scenarios, direction of change and rationale. NC=No change from base model, 
(+)=Increase from base model, (-)=Decrease from base model.
Model Group Direction o f  Change Rationale and Sources
Hindcast Forecast
1 Elasmobranchs NC NC Overfishing/overfished in recent years (low populations in 1970s and 2000s), low 
population growth means little rebound on a 20-30 yr. horizon
2 Piscivorous Birds - NC Increase from th e  past (doubling of breeding pairs in York R. from 1970s to  1990s) due 
to  post WWII chemicals, W atts and Paxton 2007, hold constant for future
3 Bottlenose Dolphin NC NC No change; insufficient stock assessm ent/population trend data 
(http://w w w .nm fs.noaa.gov/pr/pdfs/sars/ao2010dobn-w nanm c.pdf)
4 Other Generalists NC NC Mixed dynamics for aggregated species (e.g., kingfish and northern puffer 
populations are generally thought to  be increasing, black sea bass are the 
sam e or lower abundance), hold constant
5 Other Piscivores NC NC Fishing pressure, abundance of primary com ponent (bluefish) w as about twice 
abundance in late 2000s in th e  1970s 
(http://w w w .nefsc.noaa.gov/sos/spsyn/op/bluefish/)
6 Other Benthivores NC NC Unknown, hold constant, m ost  com ponent species are  small, cryptic species (e.g. 
blennies, gobies, and skilletfish) for which inadequate stock information is available
7 Pinfish NC + Anecdotal accounts of increasing num bers of pinfish during w arm  years (J J . Orth, 
personal communication) indicate this species may becoming established in Chesapeake 
Bay and a resident population may take hold with warming w ater
8 Atlantic Spadefish * + Warming w ater has accounted for increased numbers of juveniles in the  Bay in late 
summer; this trend would likely continue in the  face of warming seaw ater tem peratu re
9 Atlantic Menhaden NC NC No substantive change in overall biomass according to  Stock Assessment 
(http://www.sefsc.noaa.gov/sedar/download/SEDAR20- 
ASMFC_Menhaden_SAR.pdf? id=DOCUMENT, Figure. 1.2)
10 Cownose Ray - + increase, lack of shark predators, no fishery
11 Striped Bass NC Based on long-term trends and m anagem ent plan; index of abundance shows quite a bit 
of growth since 1970s, but in recent years it has leveled off, suggesting little change for 
th e  future:
http://w w w .chesapeakebay.net/indicators/indicator/striped_bass_abundance
12 Gizzard Shad NC NC Unknown, hold constant
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13 Atlantic Croaker NC - Recent downward trend, cause unknown,
http://issuu.com /vim s/docs/chesm m ap20107eM 357820/2807587
14 Northern Pufferfish - + Sobocinski e t al. 2013, ChesMMAP, Juv. Trawl Survey
15 Speckled Trout NC NC Unknown, hold constant
16 Summer Flounder - NC Based on long-term trends and m anagem ent plan
17 Hogchoker - + Sobocinski e t al. 2013, ChesMMAP, Juv. Trawl Survey
18 Northern Pipefish + - Sobocinski e t al. 2013
19 Dusky Pipefish - + Sobocinski e t al. 2013
20 Atlantic Silverside NC NC Sobocinski et al. 2013
21 Bay Anchovy NC NC Sobocinski e t al. 2013
22 Silver Perch - + Sobocinski e t al. 2013
23 Spot + NC Variable, some decline from 1970s (Sobocinski et al. 2013), but NC to fu tu re—esp. given 
generalist feeding trends and high interannual variability
24 Mesograzers NC ■ Based on Douglass e t al. 2010 (no overall trend  in abundance observed), but decreased 
for forecast because of less substrate
25 Shrimp NC NC Based on Douglass e t al. 2010 (no overall trend  in abundance observed)
26 Blue Crab NC NC Late 1970s had low population, similar to contemp.
(http://hjort.cbl.um ces.edu/crabs/docs/A ssessm ent_docum ent_final_approved.pdf)
27 Polychaetes NC NC Unknown, hold constant
28 Bivalves + - Mya arenario population declining—southern  range (R. Seitz, personal communication), 
Pyke e t al. 2008 Ches. Climate Report)
29 Gelatinous
Zooplankton
~ + Increase in Chesapeake Bay
30 Mesozooplankton NC NC Unknown, hold constant
31 Benthic Algae ' + Increasing nutrients/tem p, increasing algae (Pyke e t al. 2008, Ches. Climate Report, 
Koch e t al. 2012, Najjar et. al. 2010)
32 Epiphytic Algae NC Increasing nutrients/tem p, increasing algae (Pyke e t al. 2008, Ches. Climate R eport), 
although am eliorated by loss of seagrass
33 Phytoplankton - + Increasing nutrients, increasing phytoplankton (Pyke e t al. 2008, Ches. Climate Report, 
Harding and Perry 1997); overall increase over last SO years (Harding 1994)
34 Seagrass + - Seagrass loss (eelgrass specifically), Orth e t al. 2006
35 Detritus + - Less seagrass, declining detritus from less senesced material in future
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Table 3. Food web structure and energy flow for the base Ecopath model and two 
submodels.
Metric BASE HINDCAST FORECAST
Number of Model Groups (S)c 35 35 35
Total # Links (L)c 205 206 213
Connectance (C=L/S2)c 0.17 0.17 0.17
Link density (LD=L/S)C 5.86 5.89 6.09
System Omnivory IndexE 0.28 0.27 0.28
Fraction of Omnivoryc 0.80 0.80 0.80
Fraction of Cannibalismc 0.29 0.29 0.29
Fraction of Herbivoryc 0.06 0.06 0.06
Total#Trophic Positionsc 8 8 8
Fraction Basalc 0.14 0.14 0.14
Fraction Intermediate1 0.80 0.80 0.80
Fraction Topc 0.06 0.06 0.06
Total System Throughput (g/m2/yr)E 28716 26018 25918
Sum of all Production (g/m2/yr)E 12653 11630 11863
Sum of all Consumption (g/m2/yr)E 9214 8626 7115
Sum of all Exports (g/m2/yr)E 6908 6196 7415
Sum of all Respiratory Flows (g/m2/yr)E 2463 1986 1935
Sum of all Flows into Detritus (g/m2/yr)E 10131 9210 9452
Calculated Total Net Primary Production (g/m2/yr)E 9199 8024 9132
Total Primary Production/Total RespirationE 3.74 4.04 4.72
Net System Production (g/m2/yr)E 6736 6038 7196
Total Primary Production/Total BiomassE 2.79 2.64 4.73
Total Biomass/Total ThroughputE 0.115 0.117 0.074
Total Biomass (excluding detritus) (g/m2)E 3294 3043 1930
Throughput Cycled (excluding detritus)(g/m2/yr)E 0.01 0.01 0.01
Predatory Cycling Index (% of throughput without 
detritus)E
0 0 0
Throughput Cycled (including detritus)(g/m2/yr)E 3122 3046 1677
Finn's Cycling Index (% of total throughput)E 10.87 11.71 6.47
Finn's mean path lengthE 3.06 3.18 2.77
Ascendency (A, total, bits)E 36619 32264 32713
Ascendency (total, %)E 31.9 30.5 31.5
Overhead (total, bits)6 78017 73482 71037
Overhead (total, %)E 68.1 69.5 68.5
Capacity (C, total, bits)E 114636 105745 103750
Methods used: E= Ecopath, C= 'cheddar' food web analysis package in R
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Supplemental Table SI. Model groups, starting input biomass (B), and data sources for the Chesapeake Bay seagrass Ecopath 
model.
Group Scientific Name




1 Elasmobranchs Sandbar sharks, o ther 0.001 Estimated from exploratory model runs
2 Bottlenose Dolphin Tursiops truncatus 
truncatus
rays
0.136 Adjusted from Blaylock 1988
3 Piscivorous Birds Osprey, Herons, Terns, 
Gulls
0.3 Glass and W atts 2009; Chesapeake Bay Model, 
Christensen et al. 2009; Sellner e t al. 2001
4 Other generalists Black Sea Bass, 
Mummichog, Kingfish, 
Striped Burrfish
0.013 Estimated from samples collected as part of this study
5 Other piscivores Bluefish 0.042 Estimated from samples collected as part of this study
6 Other benthivores Blennies, Striped Mullet, 
Southern Stingray, 
Gobies
0.036 Estimated from samples collected as part of this study
7 Pinfish Logodon rhomboides 0.013 Estimated from sam ples collected as part of this study
8 Atlantic Spadefish Chaetodipterus faber 0.009 Estimated from samples collected as part of this study
9 Atlantic Menhaden Brevoortio tyrannus 0.094 Estimated from sam ples collected as part of this study
10 Cownose Ray Rhinoptera bonasus 2.930 Estimated from samples collected as part of this study
11 Striped Bass Morone saxatilis 0.028 Estimated from samples collected as part of this study
12 Gizzard Shad Dorosomo cepedianum 1.591 Estimated from samples collected as part of this study
13 Atlantic Croaker Micropogonias
undulatus
0.163 Estimated from samples collected as part of this study
14 Northern Pufferfish Sphoeroides maculates 0.085 Estimated from samples collected as part of this study
15 Speckled Trout Cynoscion nebulosus 0.005 Estimated from sam ples collected as part of this study
16 Summer Flounder Paralichthys dentatus 0.100 Estimated from samples collected as part of this study
17 Hogchoker Trinectes maculatus 0.033 Estimated from sam ples collected as part of this study
18 Northern Pipefish Syngnathus fuscus 0.025 Estimated from sam ples collected as part of this study
19 Dusky Pipefish Syngnathus floridae 0.030 Estimated from sam ples collected as part of this study
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20 Atlantic Silverside Menidia menidia 0.003 Estimated from sam ples collected as part of this study
21 Bay Anchovy Anchoa mitchilli 0.024 Estimated from sam ples collected as part of this study
22 Silver Perch Bairdiella chrysoura 0.225 Estimated from samples collected as part of this study
23 Spot Leiostomus xanthurus 0.366 Estimated from samples collected as part of this study
24 Mesograzers Amphipods, isopods on 
seagrasses
208.9 Douglass e t al. 2010
25 Shrimp Crangon spp., 
Palaemonetes spp., 
Hippolyte spp.
3.3 Douglass et al. 2010
26 Blue crab Callinectes sapidus 1.988 Estimated from sam ples collected as part of this study
27 Polychaetes 77.3 R. Seitz, VIMS, unpublished data
28 Bivalves 256.5 R. Seitz, VIMS, unpublished data
29 Gelatinous
zoopiankton
Nettles, ctenophores 122.0 Condon e t  al. 2010 and R. Condon, DISL, unpublished 
data
30 Mesozooplankton Mysids, copepods 35.6 Calculated from Chesapeake Bay Program field- 
m easured data from Station WE4.2; M. Brush, VIMS, 
unpublished data
31 Benthic algae 35.2 S. Lake, VIMS, unpublished data, and Lake e t al., in 
review
32 Epiphytic algae 321.8 P. Reynolds and J.E. Duffy, VIMS, unpublished data
33 Phytoplankton 10.6 Calculated from Chesapeake Bay Program field- 
m easured data from Station WE4.2; M. Brush, VIMS, 
unpublished data
34 Seagrass 2316.0 Calculated from Orth and Moore 1986
35 Detritus 500 Estimated based on Stoner e t al. 1995
Data Sources:
Blaylock, R.A. 1988. Distribution and abundance of the bottlenose dolphin, Tursiops truncatus (Montagu, 1821) in Virginia, United States. Fishery Bulletin 86: 
797-805.
Sellner, K.G., and N. Fisher, C.H. Hager, J.F. Walter, and R J. Latour. 2001. Ecopath with Ecosim Workshop, Patuxent Wildlife Center, October 22-24, 2001, 
Chesapeake Research Consortium, Edgewater, MD 
Glass, K.A. and B. D. Watts. 2009. Osprey diet composition and quality in high and low-salinity areas o f lower Chesapeake Bay. Journal o f  Raptor 
Research 43: 27-36.
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SI Data Sources, Continued:
Douglass J.G., K.E. France, J.P. Richardson, and J.E. Duffy. 2010. Seasonal and interannual change in a Chesapeake Bay eelgrass community: insights into 
biotic and abiotic control of community structure. Limnology and Oceanography S 5 :1499-1S20.
Condon, R.H., and D.K. Steinberg, and D.A. Bronk. 2010. Production of dissolved organic m atter and inorganic nutrients by gelatinous zooplankton in the  
York River estuary, USA. Journal o f  Plankton Research 32 :153 -1 7 0 .
Lake, S J., M.J. Brush, I.C. Anderson and H.l. Kator. 2013. Internal versus external drivers of periodic hypoxia in a coastal plain tributary estuary: the 
York River, Virginia. Marine Ecology Progress Series 492:21-39.
Orth, RJ. and K. A. Moore. 1986. Seasonal and year-to-year variations in the  growth of Zostera marina L. (eelgrass) in the  Lower Chesapeake Bay. Aquatic 
Botany 24: 335-341.
Stoner, A.W., M. Ray, and J.M. Waite. 1995. Effects of a large herbivorous gastropod on macrofauna communities in tropical seagrass meadows. Marine 
Ecology Progress Series 121:125-137.
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Supplemental Table S2. Starting values for Production to Biomass (P/B) and Consumption to Biomass (Q/B) and data sources 
for the Chesapeake Bay seagrass Ecopath model.
M odel Group P/B P/B Data Sources Q/B Q /B  Data Sources
1 Elasmobranchs 0.23 Chesapeake Bay Model, Cortes e t al. 2002 1.4 Chesapeake Bay Model, Christensen e t al. 2009; 
Frisk et al. 2011
2 Bottlenose Dolphin 0.13 Frisk e t al. 2011 1.4 Frisk et al. 2011; Blaylock 1985
3 Piscivorous Birds 0.198 Chesapeake Bay Model, Christensen e t al. 2009; 
Newton 1979
120 Chesapeake Bay Model, Christensen e t al. 2009; 
Preikshot 2007
4 Other generalists 0.75 Estimated from FishBase from species in 
aggregation
46.7 Calculated using FishBase Life History Tool
5 Other piscivores 0.5 Estimated from FishBase from species in 
aggregation
41 Calculated using FishBase Life History Tool
6 Other benthivores 0.75 Estimated from FishBase from species in 
aggregation
44.6 Calculated using FishBase Life History Tool
7 Pinfish 0.62 Calculated using FishBase Life History Tool 11 Calculated using FishBase Life History Tool
8 Atlantic Spadefish 0.59 Calculated using FishBase Life History Tool 23.3 Calculated using FishBase Life History Tool
9 M enhaden 1.54 Calculated using FishBase Life History Tool, 
increased for fishing mortality outside of model 
domain
31.4 Palomares, M.L.D. and D. Pauly 1989
10 Cownose Ray 0.5 Unknown, estimated 5.2 Calculated using FishBase Life History Tool
11 Striped Bass 0.66 Calculated using FishBase Life History Tool, 
increased for fishing mortality outside of model 
domain
9.4 Calculated using FishBase Life History Tool
12 Gizzard Shad 0.78 Calculated using FishBase Life History Tool 39.5 Calculated using FishBase Life History Tool
13 Croaker 0.82 Calculated using FishBase Life History Tool, 
increased for fishing mortality outside of model 
domain
11.5 Calculated using FishBase Life History Tool
14 Northern Pufferfish 1.03 Calculated using FishBase Life History Tool 25.2 Calculated using FishBase Life History Tool
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15 Speckled Trout 0.25 Calculated using FishBase Life History Tool 8.8 Calculated using FishBase Life History Tool
16 Summer Flounder 0.72 Calculated using FishBase Life History Tool, 
increased for fishing mortality outside of model 
domain
9.2 Calculated using FishBase Life History Tool
17 Hogchoker 0.47 Calculated using FishBase Ufe History Tool 16.2 Calculated using FishBase Life History Tool
18 Northern Pipefish 1.35 Calculated using FishBase Life History Tool 27.2 Calculated using FishBase Life History Tool
19 Dusky Pipefish 1.26 Calculated using FishBase Life History Tool 25.9 Calculated using FishBase Life History Tool
20 Atlantic Silverside 2.24 Calculated using FishBase Life History Tool 60.6 Calculated using FishBase Life History Tool
21 Bay Anchovy 1.29 Calculated using FishBase Life History Tool 66.1 Calculated using FishBase Life History Tool
22 Silver Perch 1.73 Calculated using FishBase Life History Tool 14.5 Calculated using FishBase Life History Tool
23 Spot 0.76 Calculated using FishBase Life History Tool 29 Calculated using FishBase Life History Tool
24 Mesograzers 5.7 Diaz and Schaffner 1990 5 Chesapeake Bay Model, Christensen e t al. 2009
25 Shrimp 5.7 Diaz and Schaffner 1990 5 Chesapeake Bay Model, Christensen e t al. 2009
26 Blue crab 5.7 Diaz and Schaffner 1990 4 Chesapeake Bay Model, Christensen e t al. 2009
27 Polychaetes 4.9 Diaz and Schaffner 1990 8 Chesapeake Bay Model, Christensen et al. 2009
28 Bivalves 2.9 Diaz and Schaffner 1990 3.68 Chesapeake Bay Model, Christensen et al. 2009
29 Gelatinous
zooplankton
8.8 Chesapeake Bay Model, Christensen e t al. 2009 35.2 Chesapeake Bay Model, Christensen et al. 2009
30 Mesozooplankton 25 Chesapeake Bay Model, Christensen e t al. 2009 83.3 Chesapeake Bay Model, Christensen et al. 2009
31 Benthic algae 80 Chesapeake Bay Model, Christensen e t al. 2009
32 Epiphytic algae 2.6 From Dillon 1971 and Thayer 1975
33 Phytoplankton 141 S. Lake, VIMS, unpublished data
34 Seagrass 0.97 Duarte and Chiscano 1999
35 Detritus 1
Data Sources:
Cortes, E. 2002b. Stock assessment of small coastal sharks in the  U.S. Atlantic and Gulf of Mexico. NMFS Southeast Fisheries Science Center, Sustainable
Fisheries Division Contribution SFD-01/02-152, Panama City, FL. 133 p.
Frisk, M.G., T.J. Miller, RJ. Latour, and SJ.D. Martell. 2011. Assessing biomass gains from m arsh restoration in Delaware Bay using Ecopath with Ecosim.
Ecological Modelling 222:190-200.
Newton, 1.1979. Population Ecology o f  Raptors. Buteo Books, Vermillion, SD, USA.
Froese, R. and D. Pauly. 2013. FishBase. World Wide Web, electronic publication, www.fishbase.org, version (04/2013).
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S2 Data Sources Cont.:
Christensen, V. and A. Beattie, C. Buchanan, H. Ma, SJ.D. Martell, RJ. Latour, D. Preikshot, M.B. Sigrist, J.H, Uphoff, CJ. W alters, RJ. Wood, and H. Townsend. 
2009. Fisheries Ecosystem Model of the  Chesapeake Bay: Methodology, Parameterization, and Model Explanation. U.S. Dep. Commerce, NOAATech. 
Memo. NMFS-F/SPO-10 6 ,146p.
Dillon, C.R. 1971. A comparative study of the primary productivity of estuarine phytoplankton and m acrobenthic plants. Ph.D. Dissertation Univ. of North 
Carolina, Chapel Hill.
Thayer, G.W., D.A. Wolfe, and R.B. Williams. 1975. The impact of man on seagrass systems. American Scientist 63: 288-296.
Duarte, C.M. and C.L. Chiscano. 1999. Seagrass biomass and production. Aquatic Botany 65:159-174.
Blaylock, R.A. 1988. Distribution and abundance of the  bottlenose dolphin, Tursiops truncatus (Montagu, 1821) in Virginia, United States Fishery Bulletin 86: 
797-805.
Preikshot, D. 2007. The Influence of geographic scale, climate and trophic dynamics upon north Pacific oceanic ecosystem models. PhD thesis. University of 
British Columbia, Resource Management and Environmental Studies and th e  Fisheries Centre, Vancouver, 208 pp.
Palomares, M.L.D. and D. Pauly, 1989. A multiple regression model for predicting the  food consumption of marine fish populations. Australian Journal o f  
Marine and Freshwater Research 40(3): 259-273.
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Supplemental Table S3. Diet matrix for the Chesapeake Bay seagrass Ecopath model. 
Predators are in columns and prey are in rows. Cell values represent proportion of 
prey in diet, by w eight Import represents feeding outside of the model domain.






























































1 Elasmobranchs 0.0050 - - - - - - -
2 Bottlenose Dolphin - - - - - - - -
3 Piscivorous Birds - - - - - - - -
4 Other Generalists - - 0.0010 - - - - -
5 Other Piscivores 0.0010 - 0.0100 - - - - -
6 Other Benthivores - - 0.0005 - - - - -
7 Pinfish - - - - - - - -
8 Atlantic Spadefish - - - - - - - -
9 Atlantic Menhaden 0.0010 0.0100 0.0200 - 0.2000 - - -
10 Cownose Ray 0.0050 - - - - - - -
11 Striped Bass 0.0010 - - - 0.0100 - - -
12 Gizzard Shad 0.0100 0.0100 0.0340 - - - - -
13 Atlantic Croaker 0.0100 0.0100 0.0200 - 0.0400 - - -
14 Northern Puffer - - - - - - - -
15 Speckled Trout - - 0.0015 - - - - -
16 Summer Flounder 0.0050 - 0.0150 - 0.0050 - - -
17 Hogchoker - - 0.0050 - - - - -
18 Northern Pipefish - - - - - - - -
19 Dusky Pipefish - - - - - - - -
20 Atlantic Silverside - - - 0.0005 0.0150 - - -
21 Bay Anchovy 0.0010 - 0.0010 0.0100 0.0550 - - -
22 Silver Perch 0.0050 0.0050 0.0200 - 0.0500 - - -
23 Spot 0.0010 0.0050 0.0200 - 0.1000 - - -
24 Mesograzers - - - 0.0750 - - 0.2000 -
25 Shrimp - - - 0.0200 - - 0.2000 -
26 Blue Crab 0.0050 0.0100 0.0020 0.1049 0.0500 - 0.0500 -
27 Polychaetes - - - 0.1399 - 0.0700 0.0500 0.0450
28 Bivalves
Gelatinous
- - - 0.2898 - 0.0700 - 0.0720
29 Zooplankton - - - 0.1000 - - - -
30 Mesozooplankton - - - - 0.0750 0.0700 0.1000 0.1000
31 Benthic Algae - - - 0.0500 - 0.1400 - 0.3500
32 Epiphytic Algae - - - - - - - 0.0630
33 Phytoplankton - - - - - 0.1400 0.1000 -
34 Seagrass - - - 0.0100 - - 0.1000 0.0900
35 Detritus - - - - - 0.2100 0.1000 0.1800
Import 0.95 0.95 0.85 0.20 0.40 0.30 0.10 0.10
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Table S3. Diet Matrix, continued
Prey \  Predator
c01u -g
























1 Elasmobranchs - - - - - - - -
2 Bottlenose Dolphin - - - - - - - -
3 Piscivorous Birds - - - - - - - -
4 Other Generalists - - 0.0050 - - - - 0.0050
5 Other Piscivores - - 0.0250 - - - - 0.0020
6 Other Benthivores - - 0.0050 - - - - -
7 Pinfish - - - - - - 0.0050 -
8 Atlantic Spadefish - - - - - - - -
9 Atlantic Menhaden - - 0.3000 - - - 0.0200 -
10 Cownose Ray - - - - - - - -
11 Striped Bass - - - - - - - -
12 Gizzard Shad - - - - - - 0.1000 -
13 Atlantic Croaker - - 0.1500 - - - 0.0500 -
14 Northern Puffer - - - - - - - -
15 Speckled Trout - - - - - - - -
16 Summer Flounder - - - - - - - -
17 Hogchoker - - - - - - - -
18 Northern Pipefish - - - - - - - 0.0020
19 Dusky Pipefish - - - - - - - 0.0010
20 Atlantic Silverside - - - - - - 0.0100 0.0100
21 Bay Anchovy - - 0.0500 - 0.0060 - 0.1000 0.0700
22 Silver Perch - - 0.0250 - - - 0.0150 0.0500
23 Spot - - 0.0250 - - - 0.1000 0.0500
24 Mesograzers - - - - - 0.0900 0.2000 -
25 Shrimp - 0.0075 0.0050 - - - 0.1000 0.0030
26 Blue Crab - 0.0025 0.0050 - 0.0780 0.1800 0.1000 0.1500
27 Polychaetes - 0.0225 - 0.0300 0.1860 0.0540 - -
28 Bivalves
Gelatinous
0.1000 ■ * 0.1620 0.1800 “ 0.0500
29 Zooplankton - - - - - - -
30 Mesozooplankton 0.3000 - 0.0050 - 0.0480 0.0810 0.1000 0.2000
31 Benthic Algae - 0.0100 - 0.3000 0.0900 0.0720 - -
32 Epiphytic Algae - - - - - 0.0450 - -
33 Phytoplankton 0.1500 - - 0.0300 - 0.0810 - 0.0010
34 Seagrass - - - - 0.0120 0.0720 - 0.0010
35 Detritus 0.1500 0.0075 - 0.2400 0.0180 0.0450 - 0.0050
Import 0.40 0.85 0.40 0.40 0.40 0.10 0.10 0.40
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Table S3. Diet Matrix, continued





















1 Elasmobranchs - - - - - - - -
2 Bottlenose Dolphin - - - - - - - -
3 Piscivorous Birds - - - - - - - -
4 Other Generalists - - - - - - - -
5 Other Piscivores - - - - - - - -
6 Other Benthivores - - - - - - - -
7 Pinfish - - - - - - - -
8 Atlantic Spadefish - - - - - - - -
9 Atlantic Menhaden - - - - - - - -
10 Cownose Ray - - - - - - - -
11 Striped Bass - - - - - - - -
12 Gizzard Shad - - - - - - - -
13 Atlantic Croaker - - - - - - - -
14 Northern Puffer - - - - - - - -
15 Speckled Trout - - - - - - - -
16 Summer Flounder - - - - - - - -
17 Hogchoker - - - - - - - -
18 Northern Pipefish - - - - - - - -
19 Dusky Pipefish - - - - - - - -
20 Atlantic Silverside - - - - - - - -
21 Bay Anchovy - - - - 0.0010 0.0360 0.0080 -
22 Silver Perch - - - - - - - -
23 Spot - - - - - - - -
24 Mesograzers - 0.6300 0.4500 - - 0.2250 0.0400 -
25 Shrimp - 0.0900 0.4050 0.0900 0.0090 0.1260 0.0080 -
26 Blue Crab - - - - - - 0.0160 -
27 Polychaetes 0.2700 - - 0.0900 - 0.1440 0.0720 -
28 Bivalves
Gelatinous
0.5400 ~ - 0.0900 - - 0.0720
29 Zooplankton - - - - - - -
30 Mesozooplankton 0.0450 0.0900 0.0450 0.4500 0.5500 0.3690 0.0480 0.1000
31 Benthic Algae - - - - - - 0.2880 0.1000
32 Epiphytic Algae - - - - - - - 0.1500
33 Phytoplankton - - - 0.0900 0.0700 - - -
34 Seagrass - - - - - - 0.0080 0.1500
35 Detritus 0.0450 0.0900 - 0.0900 0.0700 - 0.2400 0.5000
Import 0.10 0.10 0.10 0.10 0.30 0.10 0.20 0.00
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Table S3. Diet Matrix, continued




































1 Elasmobranchs - - - - - -
2 Bottlenose Dolphin - - - - - -
3 Piscivorous Birds - - - - - -
4 Other Generalists - - - - - -
5 Other Piscivores - - - - - -
6 Other Benthivores - - - - - -
7 Pinfish - - - - - -
8 Atlantic Spadefish - - - - - -
9 Atlantic Menhaden - - - - - -
10 Cownose Ray - - - - - -
11 Striped Bass - - - - - -
12 Gizzard Shad - - - - - -
13 Atlantic Croaker - - - - - -
14 Northern Puffer - - - - - -
15 Speckled Trout - - - - - -
16 Summer Flounder - - - - - -
17 Hogchoker - - - - - -
18 Northern Pipefish - - - - - -
19 Dusky Pipefish - - - - - -
20 Atlantic Silverside - - - - - -
21 Bay Anchovy - - - - 0.0010 -
22 Silver Perch - - - - - -
23 Spot - - - - - -
24 Mesograzers - 0.0900 - - - -
25 Shrimp - 0.0900 - - - -
26 Blue Crab - - - - - -
27 Polychaetes 0.1500 0.1800 - - - -
28 Bivalves
Gelatinous
■ 0.0900 - - - -
29 Zooplankton - - - - - -
30 Mesozooplankton 0.4000 0.1800 - 0.0500 0.4990 -
31 Benthic Algae 0.2000 - 0.2000 0.2000 - -
32 Epiphytic Algae 0.0500 - - - - -
33 Phytoplankton - - 0.4000 0.4000 - 1.0000
34 Seagrass - 0.0450 - - - -
35 Detritus 0.2000 0.2250 0.4000 0.3500 - -
Import 0.00 0.10 0.00 0.00 0.50 0.00
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Supplemental Table S4. Diet data sources for each model group in the Chesapeake 
Bay seagrass Ecopath model.
Model Croup Data Source
Elasmobranchs Estimate
Bottlenose Dolphin Estimate
Piscivorous Birds Glass and Watts 2009
Other Generalists Used kingfish and mummichog diets from this study
Other Piscivores Used bluefish diets from this study; supplemented with ChesMMAP data
Other Benthivores Estimated from blennies and mullet
Pinfish M. Russell Thesis
Atlantic Spadefish This study, ChesMMAP




Gizzard Shad MD DNR,
http://www.dnr.state.md.us/fisheries/fishfacts/americangizzardshad.asp
Atlantic Croaker This study
Northern Puffer This study
Speckled Trout This study
Summer Flounder This study
Hogchoker This study
Northern Pipefish This study
Dusky Pipefish This study
Atlantic Silverside Able and Fahay 2010; USGS Species Profile
(www.nwrc.usgs.gov/wdb/pub/species.../82_ll-010.pdf)
Bay Anchovy This study, validated by Houde and Zastro (MD DNR), 
www.dnr.state.md.us/irc/docs/00000260_08.pdf
Silver Perch This study
Spot This study
Mesograzers Douglass et al. 2011
Shrimp Douglass et al. 2011
Blue Crab Douglass et al. 2011
Polychaetes Dauer et al. 1981
Bivalves Baker and Mann (MD DNR)
Gelatinous Zooplankton Purcell et al. 2001
Mesozooplankton Brownlee et al. 1987
Data Sources:
Able, K.W. and M.P. Fahay. 2010. Ecology of Estuarine Fishes: Temperate Waters o f the Western North 
Atlantic. John Hopkins Press.
Brownlee, D. C. and F. Jacobs. 1987. Mesozooplankton and microzooplankton in the Chesapeake Bay. In 
S.K. Majumdar, L.W. Hall Jr., and H.M. Austin (eds). Contaminant Problems and Management of 
Living Chesapeake Bay Resources. Pennsylvania Academy of Science, Easton, PA.
Dalyander, P. and C. Cerco. 2010. Integration of a fish bioenergetics model into a spatially explicit water 
quality model: Application to menhaden in Chesapeake Bay. Ecological Modelling 221:1922- 
1933.
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54 Data Sources, Cont.
Dauer, D. M. and C.A. Maybury, and R.M. Ewing. 1981. Feeding behavior and general ecology of several 
spionid polychaetes from the Chesapeake Bay. Journal of Experimental Marine Biology and 
Ecology, 54: 21-38.
Douglass, J.G. and E.A. Canuel and J.E. Duffy. 2011. Food web structure in a Chesapeake Bay eelgrass bed 
as determined through gut contents and 13C and 15N isotope analysis. Estuaries and Coasts 34: 
701-711.
Glass, K.A. and B. D. Watts. 2009. Osprey diet composition and quality in high and low-salinity areas of 
lower Chesapeake Bay. Journal o f Raptor Research 43: 27-36.
Purcell, J.E., and T.A. Shiganova, M.B. Decker, and E.D. Houde. 2001. The ctenophore Mnemiopsis in 
native and exotic habitats: U.S. estuaries versus the Black Sea basin. Hydrobiologia 451 (Dev. 
Hydrobiol. 155): 145-176.
Russell, M. 2002. Spotted Sea Trout {Cynoscion nebulosus) and Pinfish (Lagodon rhomboides) dietary 
analysis according to habitat type. MS Thesis. Louisiana State University.
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Supplemental Table S5. Results from Simulation 2, showing model groups, base 
model biomass (B), base model ecotrophic efficiencies (EEs), pedigree values (CV) 
for added variation to input values, mean biomass from the pool of balanced 
simulated models, and significance (***) at a=0.001 for comparison of means of 















1 Elasmobranchs 0.001 0.035 0.7 0.001 NS
2 Bottlenose Dolphin 0.010 0.000 0.7 0.013 NS
3 Piscivorous Birds 0.010 0.000 0.7 0.007 ***
4 Other generalists 0.013 0.358 0.2 0.013 NS
5 Other Piscivores 0.042 0.628 0.2 0.040 ***
6 Other Benthivores 0.036 0.071 0.2 0.036 NS
7 Pinfish 0.013 0.026 0.2 0.012 NS
8 Atlantic Spadefish 0.009 0.000 0.2 0.010 NS
9 Menhaden 0.200 0.710 0.3 0.213 NS
10 Cownose Ray 2.930 0.000 0.3 3.027 NS
11 Striped Bass 0.028 0.310 0.3 0.029 NS
12 Gizzard Shad 1.591 0.035 0.2 1.646 NS
13 Atlantic Croaker 0.163 0.657 0.2 0.165 NS
14 Northern Puffer 0.085 0.000 0.1 0.086 NS
15 Speckled Trout 0.005 0.817 0.2 0.005 NS
16 Summer Flounder 0.100 0.281 0.2 0.098 NS
17 Hogchoker 0.033 0.369 0.1 0.033 NS
18 Northern Pipefish 0.025 0.054 0.1 0.025 NS
19 Dusky Pipefish 0.030 0.025 0.1 0.030 NS
20 Atlantic Silverside 0.010 0.827 0.2 0.011 NS
21 Bay Anchovy 0.500 0.906 0.2 0.564 ***
22 Silver Perch 0.225 0.270 0.1 0.228 NS
23 Spot 0.366 0.493 0.1 0.363 NS
24 Mesograzers 208.900 0.003 0.2 192.168 ***
25 Shrimp 3.300 0.155 0.2 3.307 NS
26 Blue Crab 1.988 0.087 0.2 2.035 NS
27 Polychaetes 77.300 0.040 0.2 79.196 NS
28 Bivalves
Gelatinous
256.500 0.007 0.2 256.740 NS
29 Zooplankton 12.000 0.001 0.3 11.084 ***
30 Mesozooplankton 40.000 0.723 0.2 39.013 NS
31 Benthic Algae 35.200 0.308 0.2 35.508 NS
32 Epiphytic Algae 321.800 0.939 0.2 354.301 **»
33 Phytoplankton 15.000 0.797 0.2 16.167 ***
34 Seagrass 2316.000 0.349 0.1 2338.324 NS
35 Detritus 500.000 0.318 0.1 506.919 NS
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Supplemental Table S6. Inputs and estimates for the hindcast submodel. Production 
to Biomass [P/B) and Consumption to Biomass (Q/B) values were scaled to the 
model period (summer). Values estimated by the model are in blue italics-in  all 






P/B Q/B EE P/Q
1 Elasmobranchs 3.47 0.001 0.2 1.26 0.03 0.159
2 Bottlenose Dolphin 3.53 0.010 0.13 1.26 0.00 0.103
3 Piscivorous Birds 3.61 0.005 0.17 103.5 0.00 0.002
4 Other Generalists 3.20 0.031 1.5 42.03 0.08 0.036
5 Other Piscivores 3.52 0.025 0.75 12.24 0.39 0.061
6 Other Benthivores 2.31 0.015 0.75 40.14 0.04 0.019
7 Pinfish 2.85 0.112 0.62 9.9 0.00 0.063
8 Atlantic Spadefish 2.25 1.00E-05 0.59 20.97 0.00 0.028
9 Atlantic Menhaden 2.50 0.094 1.54 28.26 0.60 0.054
10 Cownose Ray 2.96 1.465 0.5 4.68 0.00 0.107
11 Striped Bass 3.66 0.006 0.66 8.46 0.82 0.078
12 Gizzard Shad 2.05 1.591 0.78 35.55 0.02 0.022
13 Atlantic Croaker 2.92 0.196 0.82 10.35 0.20 0.079
14 Northern Puffer 2.82 1.00E-05 1.03 22.68 0.00 0.045
15 Speckled Trout 3.39 0.007 0.45 7.92 0.25 0.057
16 Summer Flounder 3.38 0.069 0.72 8.28 0.19 0.087
17 Hogchoker 2.98 0.006 0.47 14.58 0.86 0.032
18 Northern Pipefish 3.03 0.069 1.35 24.48 0.02 0.055
19 Dusky Pipefish 3.30 0.003 1.26 23.31 0.08 0.054
20 Atlantic Silverside 2.86 0.010 2.24 13.5 0.36 0.166
21 Bay Anchovy 2.81 0.750 1.29 18 0.87 0.072
22 Silver Perch 3.131 0.127 1.73 13.05 0.02 0.133
23 Spot 2.37 2.230 0.76 26.1 0.08 0.029
24 Mesograzers 2.10 208.9 5.7 22.5 0.01 0.253
25 Shrimp 2.55 3.300 5.7 13.5 0.17 0.422
26 Blue Crab 2.77 2.386 5.7 9 0.10 0.633
27 Polychaetes 2.00 77.3 4.9 7.2 0.05 0.681
28 Bivalves 2.05 307.8 2.9 3.7 0.01 0.784
29 Gelatinous
Zooplankton
3.00 12.0 8.8 18
0.00 0.489
30 Mesozooplankton 2.00 40.0 25 45 0.67 0.556
31 Benthic Algae 1.00 28.16 80 0 0.38
32 Epiphytic Algae 1.00 257.44 2.6 0 0.71
33 Phytoplankton 1.00 14.0 220 0 0.88
34 Seagrass 1.00 2084.4 0.97 0 0.35
35 Detritus 1.00 500.0 0.33
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Supplemental Table S7. Inputs and estimates for the forecast submodel. Production 
to Biomass [P/B) and Consumption to Biomass [Q/B) values were scaled to the 
model period (summer). Values estimated by the model are in blue italics-in  all 






P/B Q/B EE P/Q
1 Elasmobranchs 3.48 0.001 0.2 1.54 0.04 0.130
2 Bottlenose Dolphin 3.54 0.010 0.13 1.54 0.00 0.084
3 Piscivorous Birds 3.74 0.010 0.17 126.5 0.00 0.001
4 Other Generalists 3.20 0.013 1.5 51.37 0.39 0.029
5 Other Piscivores 3.62 0.042 0.75 14.96 0.35 0.050
6 Other Benthivores 2.31 0.036 0.75 49.06 0.08 0.015
7 Pinfish 2.85 0.050 0.62 12.1 0.52 0.051
8 Atlantic Spadefish 2.25 0.014 0.59 25.63 0.08 0.023
9 Atlantic Menhaden 2.50 0.200 1.54 34.54 0.53 0.045
10 Cownose Ray 2.96 3.52 0.5 5.72 0.00 0.087
11 Striped Bass 3.70 0.028 0.66 10.34 0.34 0.064
12 Gizzard Shad 2.05 1.59 0.78 43.45 0.02 0.018
13 Atlantic Croaker 2.92 0.131 0.82 12.65 0.84 0.065
14 Northern Puffer 2.82 0.102 1.03 27.72 0.06 0.037
15 Speckled Trout 3.47 0.005 0.45 9.68 0.90 0.046
16 Summer Flounder 3.41 0.100 0.72 10.12 0.30 0.071
17 Hogchoker 2.98 0.040 0.47 17.82 0.34 0.026
18 Northern Pipefish 3.03 0.020 1.35 29.92 0.09 0.045
19 Dusky Pipefish 3.30 0.036 1.26 28.49 0.02 0.044
20 Atlantic Silverside 2.86 0.010 2.24 16.5 0.69 0.136
21 Bay Anchovy 2.81 0.600 1.29 22 0.93 0.059
22 Silver Perch 3.13 0.270 1.73 15.95 0.34 0.108
23 Spot 2.37 0.366 0.76 31.9 0.96 0.024
24 Mesograzers 2.10 104.5 5.7 27.5 0.01 0.207
25 Shrimp 2.55 3.30 5.7 16.5 0.19 0.345
26 Blue Crab 2.77 1.99 5.7 11 0.10 0.518
27 Polychaetes 2.00 77.3 4.9 8.8 0.04 0.557
28 Bivalves 2.05 205.2 2.9 4.05 0.01 0.716
29 Gelatinous
Zooplankton
3.00 14.4 8.8 22 0.00 0.400
30 Mesozooplankton 2.00 40.0 25 55 0.53 0.455
31 Benthic Algae 1.00 42.2 80 0.19
32 Epiphytic Algae 1.00 257.4 2.6 0.43
33 Phytoplankton 1.00 18.0 220 0.75
34 Seagrass 1.00 1158.0 0.97 0.38
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Figure 1. Mean biomasses (log scale) from balanced and unbalanced models in 
Simulation 3, where lognormal random variation with a 20% CV was added to each 
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Figure 2. Food web model for Chesapeake Bay seagrass bed, including all 35 model 
groups. Relative biomass is indicated by the size of the circles and biomass flow is 
indicated by the width of the lines. Proportion of the diet of each predator for each 
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Figure 3. Keystone index showing keystoneness index value (Libralato 2006] and 




S tnpea  Esms
'SpoT
b.
Supplemental Figure SI. Flow diagram showing trophic pathways via a.) 
mesograzers and b.) mesozooplankton indicates centrality of these invertebrate 
groups in trophic transfer within seagrass beds.
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CHAPTER 3




Silver Perch, Bairdiella chrysoura, is a seasonally abundant fish in lower 
Chesapeake Bay seagrass habitats. Young-of-the-year fish recruit to these habitats in 
June and rear for the rem ainder of the sum m er before migrating to deeper habitats 
in the Bay and offshore as seaw ater cools in the fall. This species has been shown to 
be the most abundant fish species in seagrass habitats, yet like many fishes in these 
habitats, little is known about its growth and production, and thus the contribution 
of this habitat type to finfish production overall. We developed a bioenergetics 
model to estimate individual Silver Perch growth and calibrated this model using 
field-collected growth data. Abundance data w ere used to develop a generalized 
additive model for predicting abundance over the simulation period, June 15th- 
October 15th. We used the individual-based model output and estim ated abundances 
to calculate total production. The calibrated bioenergetics model showed Silver 
Perch growth of approximately 0.19 g d*1 for total growth of 23.2 g over the 
simulation period. Peak abundance occurred in July w ith estimated values of 0.2 
individuals n r2. The highest biomass was observed shortly after peak abundance. 
Total production for Silver Perch was estim ated to be 91.5 g n r2 in the seagrass 
habitats measured. With an estim ated 8,100 hectares of seagrass habitat in lower 
Chesapeake Bay in 2010, Silver Perch contributed a considerable am ount of 
production. As an annually migrating species, Silver Perch export in excess of 7,415 
metric tons of biomass to the near-coastal ecosystem, providing a trophic subsidy 
from seagrass habitats via trophic transfer.
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INTRODUCTION
Fish growth and production are of interest in the context of ecosystem 
functioning and fisheries m anagem ent For young-of-the-year (YOY) fishes, rapid 
growth is believed to be of param ount importance in reducing mortality, leading to 
strong year-classes and increased fisheries production (Houde 1987,1989, Sogard 
1997). In estuaries, where dynamic environmental conditions impact growth of fish 
larvae and juveniles, it is thought that newly recruited individuals reside in habitats 
that maximize the ratio of growth to mortality (W erner & Gilliam 1984, Sogard 
1992, Beck et al. 2002, Craig et al. 2006). Many YOY fishes have been shown to 
prefer structured habitats, such as seagrasses and oyster reefs, to unstructured 
habitats (Orth et al. 1984, Mattila e t al. 1999, Heck et al. 2003). While food 
availability is one factor accounting for the high densities of fishes and decapods in 
seagrass beds (Virnstein et al. 1983, Ryer 1987, Fredette et al. 1990), many species 
are thought to rely on the habitat for refuge from predation instead, perhaps 
invoking a trade-off between growth and mortality. For example, results of a field 
growth experiment for Gobiosoma bosci dem onstrated that some fish sacrificed 
growth potential by residing in seagrass beds, which afforded predation refuge due 
to their structural complexity (Sogard 1992). Thus, high densities of finfishes in 
seagrass habitats may be due in part to their function as a refuge (Gillanders 2006, 
Froeschke & Stunz 2012), especially for juvenile fishes subject to high predation 
mortality. As such, these habitats have been shown to be im portant rearing habitats 
for many species of fishes.
Resource managers are interested in the value of habitats, both in term s of 
economics (Costanza et al. 1997, Barbier et al. 2011, Liquete et al. 2013) and in
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terms of biological needs and reference points for species or guilds (Seitz e t al.
2014). For example, the value of a particular habitat to a given species or to 
production of a guild has not been well described for many regions. However, recent 
studies have shown that seagrass-produced fish biomass can subsidize offshore fish 
populations extensively when fish migrate from the habitat (Nelson e t al. 2012,
2013). While there is evidence that seagrass habitats are used extensively by fishes, 
the overall contribution to production and population viability is less explicit (Jones
2014). In Chesapeake Bay, little is known about how seagrass habitats influence the 
growth and production of fishes—fishes which are often YOY individuals or smaller 
fishes of little commercial im portance—using seagrasses for rearing (but see Smith 
et al. 2008). Additionally, recent w arm  sum m ers in this region have led to die-offs of 
the dominant seagrass species, Zostera marina, (Moore and Jarvis 2008) and the 
impacts of large-scale habitat loss to YOY fishes and to greater coastal fish 
populations are unknown.
In lower Chesapeake Bay, Silver Perch, Bairdiella chrysoura (Lacepede), is a 
numerically abundant sciaenid found in seagrass habitats during the sum m er 
months (Orth & Heck 1980, Sobocinski et al. 2013, Schaffler et al. 2013). Silver perch 
recruit to these habitats in late June, reside throughout the course of the warm  
summer months, and migrate to deeper habitats in September as w ater cools. This 
life-history pattern is exhibited by many sciaenid fishes in Chesapeake Bay, in large 
part because the Bay experiences relatively cold w inter w ater tem peratures (0-5°C). 
While much work has been done on the feeding and morphology of Silver Perch 
(Chao & Musick 1977, Brooks 1985, Waggy et al. 2007) less information regarding 
growth, survival, and migration exists. As an abundant species along the Atlantic 
and Gulf of Mexico coasts, Silver Perch has been shown to be prey for a num ber of 
large fishes and mammals, including bluefish [Pomatomus saltatrix), Speckled 
Seatrout (Cynoscion nebulosus), Summer Flounder [Paralichthys dentatus), sharks, 
and dolphins (Allen et al. 2001, Ellis & Musick 2007, K. Sobocinski, unpublished
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data), potentially contributing to energy transfer between shallow seagrass habitats 
and deeper estuarine and marine waters. Thus, as a model species for seagrass 
habitat use, understanding the growth, abundance, and m ortality of Silver Perch in 
these habitats is important for understanding the value of seagrasses in term s of fish 
production and the role this species plays within the larger Bay foodweb.
Determining growth can be problematic in both field and laboratory settings. 
Fish movement and the difficulty of recapturing the same individual make observing 
growth in the field difficult (but see Laslett e t al. 2004). Similarly, tracking a cohort 
through time can be problematic when fish are sequential spawners and 
differentiation between cohorts is unclear; difficulties also arise tow ard the end of 
the growth period, where differential growth will expectedly lead to greater 
variation in the observed lengths (Rooker and Holt 1997). Feeding and growth 
studies in the lab are also troublesome, as replicating the dynamic environmental 
and foraging conditions of an estuary is challenging, and external factors which 
influence predation (e.g., competition, predation) are often omitted from the 
laboratory set-up. Thus, a modeling approach is one solution, w hereby lab and field 
data can be combined to indicate a more accurate picture of fish growth.
Bioenergetics modeling uses a mass-balance approach based on the balanced
energy equation from Winberg (1956), where growth is only possible once costs of
metabolism have been m et Bioenergetics models have been successfully applied to
model fish feeding and growth (Kitchell et al. 1977, Hartman & Brandt 1995a,
1995b, Hanson etal. 1997). Sub-equations for consumption and metabolic costs,
which relate to fish size and am bient tem perature, aid in modeling growth, given
that tem perature is often a controlling factor for fish physiology (Fry 1971).
Depending on the question of interest, the equation can be reorganized to model
consumption with growth as an input (Kitchell 1977, Hanson 1997). Sensitivity
analyses of bioenergetics models have shown that they generally provide robust
estimates of fish growth and consumption (Stewart et al. 1983, Luo & Brandt 1993,
Hartman & Brandt 1995a, 1995b). Furtherm ore, bioenergetics models can be
136
particularly useful when scaled to populations (Luo & Brandt 1993, Latour et al. 
2003), thus taking advantage of available field data on abundance.
Given the abundance of Silver Perch in seagrass habitats in the estuary and 
their evident seasonal growth, better understanding of their energetic 
requirements, resource demands, and overall production enables an estimation of 
the value of seagrass habitats in term s of biomass production. Using Silver Perch as 
a model species, we seek to 1.) develop a working bioenergetics model with which 
to estimate growth, 2.) use observations of growth from the field to calibrate our 
bioenergetics model, 3.) test model sensitivity to param eter values, feeding 
intensity, and tem perature, and 4.) estimate overall production using field-based 
abundance estimates from a representative seagrass bed to make inferences 
regarding habitat productivity for consumers such as Silver Perch. We expect Silver 
Perch to have comparable first-year growth rates to sympatric species exhibiting 
similar life history strategies, such as Spot, Leiostomus xanthurus (Pacheco 1962) 
and Weakfish, Cynoscion regalis (Hartman & Brandt 1995b). However, as Silver 
Perch show greater habitat fidelity to seagrass beds, they serve to more directly 
connect production to this specific habitat type. The combination of field-based 
analysis and modeling in this study serve to portray a representative picture of the 




All field work was conducted in the polyhaline region near the m outh of the 
York River in lower Chesapeake Bay, USA. Silver Perch abundance and distribution 
data were collected at three sites representative of lower Chesapeake Bay seagrass 
beds: Browns Bay, Goodwin Island, and Pepper Creek [Fig. 1). The Goodwin Island 
site is within the Chesapeake Bay National Estuarine Research Reserve (NERR) and 
was chosen in part for the availability of complementary continuous w ater quality 
data, including w ater tem perature.
Field Collection
To describe abundance and distribution of Silver Perch, fish w ere collected 
on high tides, both day and night, from May to Septem ber 2010. Fish w ere captured 
using a 4.9-m otter trawl towed from a shallow-draft vessel, with four to six 
replicate trawls taken a t each site on each sampling day. Each tow  was two minutes 
in duration and each set was non-overlapping. Tow length, boat speed-over-ground 
and direction were recorded with a high precision GPS unit (Trimble GeoXT 2005 
Series) to estimate area swept. Therefore, relative abundance was defined as 
density, in numbers offish per area swept, per tow.
Fish were brought onboard and identified, enumerated, and a subset 
measured (total length) in the field before being released back to the water. A 
smaller subset offish was put on ice and taken back to the lab for further work-up, 
including length measurement, w et weight m easurem ent, and stomach extraction 
for later gut-content analysis. Data w ere entered on field datasheets and transferred
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to a spreadsheet once in the lab. All input field data w ere checked for accuracy by a 
second researcher. To generate biomass data for the fish collected, a length-weight 
regression was developed for the Silver Perch from this study using the subset of 
fish that were measured in the lab. This relationship was based upon 2010 YOY 
fishes only (e.g., starting in June with fish that were <30mm TL). This relationship 
was used for conversions between length and biomass.
W ater quality—tem perature (°C), dissolved oxygen (mg/L), and salinity— 
was measured once from mid-water in betw een trawls a t a given site on a sampling 
day. Additionally, daily means were compiled from the Virginia Estuarine and 
Coastal Observing System (VECOS), autonom ous sensor CHE019.38, located a t the 
Goodwin Island NERR site fhttp://w w w 3.vim s.edu/vecos/D efault.aspxl. Data 
collected at the time of fish sampling were compared to the VECOS sensor data to 
assure those measurements were representative.
Bioenergetics Model
To address our questions related to YOY growth, we used the Wisconsin 
bioenergetics model (Kitchell et al. 1977, Hewett & Johnson 1992, Hanson et al. 
1997) as a framework. The "Wisconsin Model” uses a mass-balance approach that 
has been widely used to model consumption an d /o r growth under various 
environmental conditions (Hanson e t al. 1997). While this model has been used for 
modeling applications for several species in Chesapeake Bay, such as Bay Anchovy 
(Anchoa mitchilli, Luo & Brandt 1993), Striped Bass [Morone saxatilis), Bluefish, and 
Weakfish (Cynoscion regalis, Hartman & Brandt 1995a), and Croaker (Micropogonias 
undulates, Nye 2008), it has to date, not been used for Silver Perch, although earlier 
work on energy utilization of Silver Perch formed the basis of our model (Brooks 
1985).
The bioenergetics model is based on an energy budget w here specific growth 
rate (dB/B  d£) is modeled as:
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^ - = C - ( R  + F + U)Bdt  v J [Equation 1)
where, B is the biomass of the fish, t  the model time step (typically a day), C is 
consumption, R is respiration, F is egestion, and U is excretion. Using previous 
studies of Silver Perch feeding and metabolic processes (Adams 1976, Brooks 1985, 
Ayala-Perez et al. 2006, and Grammer et al. 2009) along with bioenergetics models 
for similar species, life history stages, and habitats (Kitchell et al. 1977, Hartman 
and Brandt 1995a, Madon et al. 2001, Stevens e t al. 2006, Nye 2008), we compiled 
data for parameterizing the model. All model param eters (descriptions and values) 
are provided in Table 1.
Consumption
Consumption, C, was modeled as a function of fish weight, tem perature, and 
feeding, where,
The term  Cmax relates maximum consumption to body mass at the optimum 
tem perature. C is the actual consumption rate and is defined as the maximum 
consumption adjusted by a tem perature function [f(Tc)) and the proportion (p) of 
maximum consumption realized in the field (0<p<l). The proportionality constant 
(p) is a proxy for food availability. We used the consumption tem perature function 
for warm -water fishes (Consumption Equation 2 in Hanson et al. 1997):










Z = log(CQ] *(CTM-CTO)
Y= log(CQ) *(CTM-CT0+2)





and CQ is an approximation of the rate at which the function increases with 
tem perature (Qio), CTO is the tem perature of optimal consumption and CTM is the 
tem perature above which consumption ceases. Daily mean tem peratures from the 
Goodwin Island field site were used as input. While the Thornton and Lessem
(1978) algorithm (Equation 3 in Hanson et al. 1997) has been shown to have a 
better fit to Cmax for some cool-water species, the tem peratures experienced by 
fishes in this study were 23.2-30.3°C, so the warm  w ater equation of Kitchell et al. 
(1977) was selected for use. We used data on ration for varying weights of Silver 
Perch (2,6, and 13 g) at varying tem peratures (20°, 24°, 28°C) from Brooks (1985) 
and adjusted the CA and CB param eters to correspond with the lab observed optimal 
and maximum rations from that study. We estim ated CTM because we lacked lab 
data for consumption above 28°C, but fish 20 to 200 mm at 34° to 37°C reached LDso 
after 3 hours (Pattillo e t al. 1997 and references therein). Thus, we set CTM to 32°C, 
presuming that consumption would cease well before lethal tem peratures were 
experienced (Elliott and Persson 1978); 32°C was the maximum tem perature 
experienced by fish in the field during our study.
Respiration
The respiration term, R (g O2 g '1 fish d 1), was modeled as a function of w et 




In this equation, RA and RB are the intercept and slope of the relationship 
between fish body weight (W  in g) and the standard respiration rate (Table 1). The 
tem perature dependent function efR<?*rem̂  uses RQ as an approximation of Qio and 
daily tem perature (Respiration Equation 1 in Hanson et al. 1997). ACT is an activity 
coefficient that accounts for fish movement. This value has been set to 1 when fish 
swimming speed is constant (Kitchell e t al. 1977, Hanson et al. 1997), but likely is 
between 1 and 3 for most standard-energy-dem and fishes. We set this value to 1.25, 
25% above the standard level (Madon e t al. 2002).
The other respiration com ponent consists of the equation including specific 
dynamic action, SDA, defined to be the cost associated with processing food:
The quantity S was estim ated as SDA multiplied by consumption minus the 
specific egestion rate (F, g g-1 d*1, see below).
Waste Losses
Both egestion rate and excretion rate w ere modeled as constant proportions 
of consumption and assimilation, respectively:
Both FA and UA for the Silver Perch model w ere based on Brooks (1985) and 
are similar to values used in other models (Hartman & Brandt 1995a, Madon et al. 
2001).
S=SDA*(C-F) (Equation 10)




Model calculations are typically made in energy units (joules or Calories) 
with resulting estimates converted to mass (Ney 1990). As such, two other 
im portant components of the model are the energy densities for both the predator 
(Silver Perch) and prey. The predator energy density was modeled as a function of 
fish weight, as it has been shown to increase with fish size (Hartman & Brandt 
1995c). We used values reported by Wuenschel et al. (2006) and Hartman & Brandt 
(1995c) to arrive at a relationship for Silver Perch energy density (joules) and w et 
weight:
J/g=3910.3*W 01431 (Equation 13)
Energy density of 5650 J g-1 was previously reported (Brooks 1985), which 
corresponds to a 12 g fish using our relationship.
Prey energy density was determ ined by diet analysis undertaken as part of 
this study in conjunction with energy density values for prey items reported 
elsewhere (Cummins & Wuycheck 1971, Luo & Brandt 1993, Hartman & Brandt 
1995b). We analyzed the diets of 75 Silver Perch, ranging in size from 22 to 146 mm 
(TL). Of those, 13 had empty stomachs and the rem aining individuals (n=62) w ere 
found to consume a variety of prey from gammarid amphipods to fishes, with mysid 
shrimp being the most common prey type. Previous studies have shown three basic 
feeding guilds: <40 mm fish, copepods and amphipods, 40-70 mm fish, mysids and 
crangon shrimp, and >70 mm fish, diverse diet of invertebrates and fishes (Chao & 
Musick 1977, Brooks 1985, Waggy et al. 2007). Using multivariate analysis 
(nonmetric multidimensional scaling (NMDS) and analysis of similarity (ANOSIM) 
for exploration of group differences) we found the fish in our study to follow similar 
feeding patterns, with the exception of fish between 70 and 90 mm continuing to eat 
primarily mysids and shifting to a predominately fish diet once greater than 90 mm 
(TL). We based our prey energy densities on these feeding guilds for specific fish 
weight, using the length-weight regression developed in this study.
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Temperature inputs to the model w ere daily m eans from the VECOS sensor 
near Goodwin Island. The output from the bioenergetics model was an estim ate of 
growth over the summer season for an individual Silver Perch. The simulation 
period [122 d) spanned the time of Silver Perch residence in seagrass habitats, 
roughly June lS^-October 15th, based upon three years of observational field data.
Sensitivity Analyses
To understand model sensitivity to variation in individual param eter inputs, 
we conducted a formal sensitivity analysis of the param eters CA, CB, RA, RB, RQ. 
Bioenergetics models have been shown to be m ost sensitive to components of the 
consumption and respiration equations (Bartell et al. 1986) and we selected 
param eters from these equations for manipulation. We used individual param eter 
perturbations to investigate individual param eter sensitivity [Kitchell et al. 1977, 
Bartell et al. 1986). We followed the rationale in Bartell e t al. [1986) for levels of 
disturbance, using CVs of 2%, 10%, and 20% for the variation added to each 
parameter. Each param eter was manipulated individually by drawing a random  
value from a normal distribution centered on the nominal param eter values in the 
model (e.g., CA=0.3, mean of 0.3). We conducted 1000 simulations and collected the 
modeled daily growth and input param eter values for each run. The mean squared 
error (MSE) across all simulations, using the calibrated model (see below) as the 
observed and the simulation run as the predicted value, was used to rank the 
sensitivity of the permuted param eters, with param eters with higher MSE being 
deemed more sensitive.
We conducted an additional e rro r analysis to assess the sensitivity of the
model to values for the p term, which has been shown to strongly influence model
behavior (Bartell et al. 1986). Permuted values w ere drawn from a normal
distribution centered on the nominal value for each day, as in the param eter
perturbation, with the same three levels of variation. In addition to evaluating
differences in growth with the varying levels of added error, we used the output
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from the error analysis to determ ine how production would change, given the 
growth observed with varying levels of p. Thus, variation in growth was propagated 
through the production estimations using the values for the upper and lower 
confidence limits for growth. This analysis showed how model uncertainty would 
influence our calculations of overall production.
Because tem perature is so im portant to fish physiology, we applied the 
calibrated bioenergetics model (see below) to estim ate how an increase in seaw ater 
tem perature of 1°C impacted fish growth. This magnitude of increase in w ater 
tem perature has been observed in Chesapeake Bay over recent decades (Najjar e t al. 
2010, Sobocinski et al. 2013) and the warming trend is expected to continue. While 
Silver Perch is a warm -water species, the increased metabolic costs associated with 
increasing w ater tem perature are likely to impact growth an d /o r consumption. We 
added 1°C to the 2010 tem peratures we used in model development and estim ated 
fish growth under the revised tem perature regime using the calibrated model to 
determine growth sensitivity to increasing tem perature.
Field Collected (Observed) Data Analysis
Growth
To calibrate the bioenergetics model, we compared the model output (fish 
growth) to observed data from field collections. To this end, all length data (those 
measured in the field and those m easured in the lab) and the associated collection 
dates were assembled. Histograms of length frequency for each sampling date, daily 
modes, existing life history and growth information, and plots of densities, weights 
and lengths were used to define a probable cohort from each field site. We broke the 
dataset down by site for this analysis, as movement among sites is unlikely. Once 
settled, it is thought that Silver Perch remain in a juvenile habitat for the duration of 
the season (Rooker et al. 1998). The cohorts for each site were used in developing 
field-based growth models. It is im portant to note that fish of spawning size
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appeared in the catch dataset in May and early June, but these individuals w ere rare 
after that time. Thus, catches from late June through September w ere comprised 
almost entirely of YOY individuals (K. Sobocinski, personal observation).
We developed linear (Weight~Date), exponential (Weight~a*exp(Date*b) ), 
and Gompertz (Weight~a*exp(b*exp(Date*c))) growth models for each site and for 
all sites combined. In all models fish weight (g) was the response variable. All 
modeling was done using functions Im (for linear regressions) and nls (for 
exponential and Gompertz fits) in R (R Core Team 2013). Akaike’s Information 
Criterion (AIC) was used to select the best fitting model (Burnham & Anderson 
2002). We used plots of residuals for model validation and to address assumptions, 
using the diagnostics in the nlstools package. A predicted growth trajectory for the 
122 d simulation period was based on the best fitting model. We evaluated site 
models and did not find evidence of statistical differences among sites, but it should 
be noted that the variance was high at later dates. We thus generated an overall 
model from pooled site data as a representative case.
The observed growth model was then compared to  bioenergetics output. We 
first used visual comparison of estim ated growth to determine gross differences 
between the models. We then generated sums of squares for the observed minus the 
predicted growth and minimized this value by optimizing p (proportionality 
constant) in the bioenergetics model to reproduce the fit of the observed data. We 
chose p as a suitable param eter for optimization because it is highly sensitive 
(Bartell et al. 1986) and it cannot easily be m easured directly in the field. Our model 
exploration showed that growth over the model period varied considerably with 
differing values of p, from negligible growth at p=0.2 (constant) to unrealistic 
growth for this species (60 g over 122 days) with p=0.8 (constant). We first ran the 
optimization unconstrained to assess overall fit. We then constrained the model to 
acceptable input values for p (0<p<l). By optimizing p to meet observed growth, we 
were able to assess the validity of the base bioenergetics model growth estimate. We
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then calibrated the model to the field data using the adjusted values for p. This 
calibrated model became the working model.
Abundance Estimates
We modeled fish abundance over the sum m er season, based on our field data 
collection, using Generalized Additive Models [GAMs). GAMs allow for a flexible 
modeling approach where non-linearities in the relationships betw een response 
and explanatory variables ex ist Responses can be modeled with both a param etric 
component [equivalent to generalized linear modeling) and also with a non- 
parametric component, which relies on smoothing functions for covariates [Wood 
2006, Zuur et al. 2009, Zuur 2013). These relationships are driven by the data and 
not by a priori assumptions of relationships among the response and predictor, 
which in this case, appeared to be quadratic in nature, based upon exploration with 
generalized linear models [Zuur et al. 2009).
The gam function in mgcv package in R [R Core Team 2013) was used for all 
GAM modeling. The gam  function estim ates the optimal smoothed relationship in 
model fitting. Effective degrees o f freedom  [edf) is a calibration tool to determ ine the 
shape of the curve, where a value of 1 indicates a straight line and a value of 10 a 
highly non-linear pattern [Zuur 2013). The sm oothers used in this application were 
thin plate regression splines for all param eters except date, w here we used a cubic 
regression spline to account for similarities between the endpoints [Zuur 2013).
The models were fitted using the "GCV.Cp” method and best models w ere re- 
estimated by "REML" to check for stability.
In all cases, the response variable was log-transformed density of Silver 
Perch [number fish n r2) and the predictor variables of interest were: date [modeled 
as Julian day), site [three sampling sites), and the w ater quality param eters 
tem perature, salinity, and dissolved oxygen. The full model form was:
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Densityi = a + biSite + si(Date)  + S2 (Temperature)  + S3 (SaIinity)
+ S4 (DissoIved Oxygen)+ e, (Equation 14)
This model includes an intercept (a), the coefficient (bj) for the Site term, 
which was specified as a factor, sm oothers (s„) on all o ther predictor variables, and 
the error term (e), which is assumed to be independent and identically distributed 
(Zuur et al. 2009). Collinearity among the predictors was assessed with co-plots and 
by plotting Pearson residuals (Zuur 2013), and best models w ere checked for 
overdispersion. Generalized cross-validation (GCV), a leave-one-out procedure 
designed to measure error, provided an additional evaluation of model fit and 
validity (Ciannelli 2008) and is integrated within the gam  function in mgcv package 
in R (R Core Team 2013). We used A1C for model selection and present model forms, 
AIC scores, GCV scores, and the am ount of deviance explained (analogous to r2) for 
the models. We collected fitted values for the simulation period and retransform ed 
the logged prediction values using a bias correction for lognormal distributions. 
These values were used as estimates of abundance for each Julian day.
Estimation o f Silver Perch Production
To estimate seasonal production, we used the bioenergetics model output for 
individual fish growth (g d '1) in conjunction with estim ates of abundance (density, 
number of fish m*2 d*1) for each simulation day to estim ate biomass. The product of 
these two values is the estimated biomass (g d_1 n r2). As with the bioenergetics 
modeling, June 15th ( J u l ia n  day=166) to October 15th (Julian Day=288) was the 
period of interest for estimating abundance, corresponding to the time period of 
Silver Perch recruitm ent to the habitat and subsequent growth.
We used the general equation Bt=(Ct*A)/e, w here biomass (£) at time t  is 
equal to catch (C] at time t  multiplied by the total area (A) divided by e, which is the 
gear efficiency. Catch was defined as the num ber of fish per area sw ept per day 
(density) multiplied by the estim ated biomass of an individual fish on the same day
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from the bioenergetics model, with resulting units of g n r2. Efficiency was assumed 
to be 1, which likely represents a significant underestim ate, but resulting values are 
easily comparable to other studies, many of which have not explicitly accounted for 
gear inefficiencies [e.g., Rooker et al. 1998). Additional calculations assumed gear 
efficiency to be 0.25 based upon the w ork of Kjelson and Johnson (1978), which 
improves the realism of our density estim ates for our gear type and species.
Additionally, instantaneous m ortality was estim ated using catch curve 
analysis (Chapman and Robson 1960, Simpfendorfer et al. 2004). Daily means of 
catch data (counts) w ere log transform ed and the fully recruited age was 
determined. We then estimated the slope of the descending limb of the curve using 
linear regression. This approach is considered longitudinal catch curve analysis, 
where a cohort is followed across the growing season rather than across years, as is 
customary. In this analysis the slope coefficient for the linear regression is equal to 
Z, instantaneous mortality. Since YOY Silver Perch are not subjected to fishing 
mortality, we assumed Z=M, w here M is natural mortality. This analysis assumes 
constant mortality across the time period and a closed population, both of which 
may be violated, so our results represent a rough estim ate of daily instantaneous 




Once constructed, the base bioenergetics model (p=0.5 and all other 
param eter values as listed in Table 1) produced fish growth of approximately 5 g 
over the growing season, with a s tart weight of 0.1 g and an ending weight of just 
over 5.0 g [Fig. 2). Specific growth rate (g g-1 d '1] was variable, especially during 
shifts in prey base (associated with variable diet inputs based on weight, as in Table 
1), but generally declined with fish growth (Fig. 2, second axis]. Specific growth 
averaged 3% body weight per day over the simulation period (min=0%, max=8%). 
The gross conversion efficiency (change in biomass (g]/consum ption (g]] was 0.21. 
Consumption ranged from 10% to 26% body weight per day, w ith a mean of 15% 
body weight per day; smaller fish ate a higher ration. As tem peratures w ere within 
the optimal range for consumption during the model period, the tem perature 
dependence function for consumption ranged betw een 0.8 and 1.0 with a mean of 
0.96. As such, C was most influenced by p, ra ther than fluctuations in consumption 
based upon temperature.
Losses (respiration, digestion, egestion and excretion] accounted for about 
75% of daily consumption, with fish becoming more efficient with size. Respiration 
(excluding SDA] was the largest loss com ponent and accounted for about half of the 
total daily loss, followed by SDA, egestion, and excretion, in descending order. Brett
(1979] noted that non-respiratory losses (digestion, excretion, and egestion] totaled 
35-40% for carnivorous fishes; our average value of 32% is slightly below this 
benchmark, but still reasonable.
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The model output was highly sensitive to the value of p, although when random 
stochasticity was added, the model was resilient to the perturbation and growth 
was similar to the base model run. When p was held constant, values less than 0.24 
resulted in model failure (negative growth). Additionally, field observations 
indicated that the bioenergetics model-predicted growth of 5 g was low, relative to 
the size offish we collected late in the season, which w ere over 15 g. Adjusting p to 
0.6 generated output that more closely resem bled field observation.
Field Data and Bioenergetics Model Calibration
Field Data
During the summer of 2010, we collected over 2,300 Silver Perch from 187 
trawls. Length measurements were taken on 1,900 fish and length-weight 
measurements were recorded for 267. The length-weight regression for all biomass 
conversions (TL, mm and wet weight, g) was:
14^=0.0000135 *L2"  (Equation 15)
with sizes ranging from 22 mm to 132 mm TL. Peak abundance occurred around 
July 7th ( J u l i a n  Day=188), with a mean of 120 individuals per tow (averaged across 
all tows on that date), or 0.9 individuals per m2, and remained at high abundances 
for approximately 2 weeks. This catch was comprised almost entirely of newly 
recruited YOY fish (~30 mm TL), and subsequent sampling events showed declining 
abundances of YOY fish.
For the field-based weight-over-time growth models, the Gompertz model 
was the best fitting model (Table 2). While the model generally fit the data well 
during the earlier dates, there was m ore variation in the residuals and deviance 
from the fitted model a t the later dates (Fig. 3). This pattern is not unexpected given 
variable growth rates among individuals and the difficulty distinguishing a strictly
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defined cohort in later time periods. Also, observed growth did not appear to reach 
a plateau (Fig. 3], and as such, there was higher uncertainty in the estim ated 
asymptote of the Gompertz function.
Model Calibration
We used the estimated growth from the Gompertz model to fit the base 
bioenergetics model by adjusting consumption via the p term. The unconstrained 
optimization resulted in several values greater than 1, bu t most w ere betw een 0.5 
and 0.8, suggesting that the bioenergetics model fit the growth model from field 
observations fairly well, with adjustm ents to p. When the p term was constrained 
(0<p<l) in the optimization, the values ranged from 0.43 to 0.82, with a mean of 
0.65 and standard deviation of 0.13 (Fig.4). Total growth was 23.2 g over the 122 d 
model period.
For the calibrated bioenergetics model, we evaluated output relating to 
growth, consumption, and losses (Table 3). Mean consumption was 14.5% body 
weight per day and a range of 6% to 38% (0.04 g to 1.5 g). The sm aller fish ate the 
greatest proportion of their body weight, with values eventually dropping to 6% 
towards the end of the simulation period. While consumption of 38% of body 
weight seems high, the overall range and pattern fit w ith that reported previously in 
a laboratory setting (Brooks 1985) and with theory (Brett 1979). It is possible that 
the prey energy density of 2900 J g"1 for the smaller fish (eating copepods) is low, 
resulting in very high consumption rates needed to achieve the fitted growth. Total 
consumption over the 122-day growing period was 92.5 g. The gross conversion 
efficiency (growth (g) per gram of consumption) ranged from 0.14 to 0.50, with a 
mean of 0.28. Conversion efficiency declined as the fish grew. The mean value is 
high compared to those reported for other YOY fish (Hartman and Brandt 1995b), 
but our estimates only represent the growing season and would be reduced by 
annualized calculations.
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Related to consumption, we explored the sensitivity of the calibrated model 
to prey energy density, given diverse diets. A diet of prey with constant energy 
density 2900 J g-1 resulted in poor growth, less than 1.5 g across the simulation 
period, while a diet of prey 3500 J g-1 resulted in growth of 7.2 g, and a diet of 4500 J 
g-1 achieved growth of 19.7 g. For comparison, varying the prey energy density as a 
function of weight (with fish consuming more energy-dense prey as they grow 
following our diet analysis) resulted in the observed base growth rate of 
approximately 0.19 g d 1, or 23.2 g. Incorporating variable prey densities based off of 
actual diets improved the realism of the model.
Losses accounted for an average of 67% of consumption, w ith a maximum 
value of 79% and minimum value of 54%. Respiration accounted for more than half 
of the loss term over the simulation period, although values were variable by day, 
ranging from 41%-59%. Unlike for the consumption terms, which varied with fish 
size, losses tended to be relatively stable across the range of growth. The losses 
attributable to digestion, excretion, and egestion w ere approximately 32%, as in the 
base model.
Sensitivity Analyses
The individual param eter perturbation showed RQ and CA to be the m ost
sensitive parameters, although rank order varied by level of disturbance, with RQ
being most sensitive at 2% and 20% CV, and CA most prone to prediction erro r at
10%. RB was the least sensitive param eter of those analyzed, w ith CB also seemingly
stable when perturbed. RA was interm ediate among the group. During model
development we found RQ to particularly sensitive, probably due to the exponential
nature of the relationship for respiration.
Perturbations of the p param eter produced little change in overall growth
when error with 2% and 10% CV was added (naive 95%  confidence intervals for
2%=22.4-24.2 g, for 10%=21.2-25.4 g, calibrated model growth was 23.2 g for
reference). When error of 20% CV was added, the range of growth values increased,
153
with a confidence interval of 19.0-27.8 g. These values are  reasonable given field 
observations and represent less than 20% change from the calibrated growth of
23.2 g, suggesting that error is not magnified by the growth model. So, while the 
model is sensitive to input values for p, even with considerable variation in feeding 
proportions, the model produces reasonable growth. Given that ecological 
observations can be highly variable in time and space and the true value of p is 
unknown, we used the results from the 20% CV simulations to inform our 
calculations of potential production (see below].
The tem perature perturbation showed that a one degree increase in w ater 
tem perature can have a considerable impact on fish growth. The modeled Silver 
Perch grew 12 g during the simulation period when w ater tem peratures w ere 
increased by 1°C. This result is approximately 55% of the growth achieved using the 
2010 tem peratures in the calibrated model. Because we did not vary input of any 
other param eters (and used the optimized values ofp  averaging 0.65), this 
reduction in growth is tied directly to increased metabolic demands, as realized 
through the tem perature dependence components of the consumption and 
respiration equations (Equations 2 and 9). The summarized means and ranges for 
all model components are compared to the base model and the calibrated model in 
Table 3.
Much of the reduced growth is attributable to a decrease in the tem perature 
dependence function for consumption (f(Tc). This value decreased from a mean of 
0.96 in the calibrated model to a mean of 0.91 in the tem perature manipulation, 
reflecting a greater proportion of time spent at tem peratures near the therm al 
tolerance. This component alone accounts for reduced growth of almost 6 g (from
23.2 g total growth in the calibrated model to 17.5 g in the tem perature
manipulation). While total respiration losses are lower for the tem perature
manipulation model, this is due to the fish remaining smaller for longer. Gross
conversion efficiency decreased from 0.28 in the calibrated model to 0.24 in the
tem perature manipulation model. Assuming tha t the calibrated model is an ideal
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growth model for Silver Perch under field conditions, a fish would have to consume 
an additional 10% per day to obtain similar growth to that observed under the 2010 
tem perature scenario.
Abundance Estimates
GAM was an appropriate approach for modeling Silver Perch abundance, 
given the overall dome-shape in the response. The non-param etric smoothers 
allowed for good model fit with high explained deviance (over 65%  for all models), 
low GCV scores, and low residual variance. We compared 5 candidate models using 
AIC, and the best fitting model included the smoothed date and dissolved oxygen 
terms (Table 4). This model explained 73% of the variation in the data and the 
resulting fit represents the overall pattern  in abundance, with a peak in the middle 
of the dataset (early July) followed by a decline (Fig. 5). It should be noted that all 
models were similar in AIC scores; when term s were dropped in sequence from the 
full model, fit improved marginally. Site was the least significant factor in the full 
model. Julian day was the most influential predictor, with the shape of the smoothed 
fit similar to the full model. While overall, the model fit the data well, peak 
abundance was not fully captured, so our predicted abundances are likely 
underestimates.
Production Estimates
Estimated biomass followed the same general form as the abundance
estimates (Fig. 6). Peak biomass occurred after peak abundance, taking into account
the growth of individuals and the high num bers of fish during this time period.
Using the confidence interval from the erro r analysis, peak biomass occurred
around Julian day 215 (the first week of August) and was estimated to be 0.56 g n r2,
with a range of 0.47 g n r2 to 0.76 g mr2 (Fig. 6). The total production of one cohort of
Silver Perch from a growing season was estim ated to be 22.9 g n r2, with a range of
19.5-29.5 g n r2, when e=l. When gear efficiency was considered (e=0.25),
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production was 91.5 g n r2 (range of 77.8 to 117.8 g n r2} for the single cohort 
followed through time.
Using the catch curve analysis, daily instantaneous mortality (Z) during the 
model period was estimated to be 0.054 for YOY Silver Perch, with lower and upper 
confidence limits of 0.03 and 0.08. This value reflects mortality to fish expressly in 
seagrass habitats, where main predators are likely to be birds and larger piscivores 
foraging on high tides. Given this high mortality, the overall rapid decline in biomass 
coincides with declining abundances, despite the increase in individual fish size 
during later time periods.
We estimated the area surveyed at the Goodwin Island site to be 
approximately 137,500 m2, or 13.75 hectares. We used this area as the total area 
surveyed multiplied by the catch (g m*2) to arrive at overall production of 12,600 kg 
of Silver Perch in the 2010 growing season from one representative seagrass site 
(this value uses the total production based with e=0,25). Given about 8,100 hectares 
of seagrass in lower Chesapeake Bay in 2010 (Orth etal. 2013}, the production of 
Silver Perch throughout the lower Bay was estim ated to be 7,415 m etric tons (range 
of 6,305 to 9,542 mt} for 2010. For reference, the average commercial fishery 





Our calibrated bioenergetics model expressed Silver Perch growth accurately 
relative to our field data, while resulting in rates for each model com partm ent that 
are comparable to those observed for similar species in this region. The minimal 
changes to the proportionality constant required for the base model to agree with 
the field-generated growth rate was indicative of robust model param eter starting 
values that are reflective of actual consumption, metabolic, and w aste processes for 
Silver Perch.
Previous analyses have indicated that functions describing the effect of body 
mass and tem perature on maximum consumption and respiration contain the most 
sensitive param eters in the bioenergetics model (Bartell etal. 1986). While the lab 
data available to us did not measure consumption or respiration a t the full range of 
tem peratures experienced by fish during our field study, using available data on 
lethal limits (Pattillo et al. 1997), respiration rates for other species (Wuenschel et 
al. 2004, Horodysky et al. 2011), and other bioenergetics analyses (Hartman and 
Brandt 1995a, 1995b, Stevens et al. 2006, Nye 2008), the param eter values we used 
appeared sufficient to produce realistic growth. We explored the use of an alternate 
respiration tem perature dependence function with a form similar to th a t used for 
consumption (Respiration Equation 2 in Hanson et al. 1997), but found the sim pler 
exponential model used in the final model produced reasonable estim ates with the 
data we had. This form of the respiration term  has been shown to fit respiration 
data for similar species in Chesapeake Bay (Hartman & Brandt 1995a). However, in 
this form of the equation, the RQ param eter was extremely sensitive to random
157
error, as evidenced through our perturbations in the sensitivity analysis and 
refining this value would improve the realism of our model.
By using the metabolic rates from lab studies on Silver Perch [Brooks 1985) 
and comparing them to more recent lab data from sympatric sciaenid species 
(Horodysky et al. 2011), the values used in the model gave expected estim ations for 
loss due to respiration. The resting metabolism of Silver Perch as m easured by 
Brooks (1985) is intermediate betw een that of Spot and Croaker (Horodysky et al. 
2011). Spot and Croaker metabolisms were similar to those of o ther sciaenids, with 
the exception of Menticirrhus spp. (Horodysky et al. 2011), and as such, it appears 
Silver Perch has a metabolic rate characteristic of other Chesapeake Bay sciaenids.
In addition to the model param eters evaluated through the sensitivity 
analysis, exploratory analyses related to model development revealed prey energy 
densities to be influential to the modeled growth. In fishes with diverse and 
changing diets, such as juvenile Silver Perch, prey energy density values can have an 
effect on estimated growth, especially where diets change with habitat or ontogeny. 
More realistic model fit (when compared to field data) was observed when prey 
energy densities were based upon actual diets than when a general value (e.g., 
constant 4000 J g-1) was used. Bartell et al. (1986) found variations in diet input 
were not influential in model performance. However, that study did not specifically 
evaluate juveniles. Other modelers have shown large differences in many model 
param eters between juvenile and adult fishes (Kitchell et al. 1977, Hartman and 
Brandt 1995a, Koehler et al. 2006, Wuenschel 2006), and adjusting prey energy 
densities to account for changing diets seems necessary to produce realistic growth 
in rapidly growing fishes.
Among the sizes of Silver Perch we collected in the field, the dom inant prey
was mysid shrimp. It should be noted that we found reported energy density values
for mysids to range from 2927 J g^to 4868 J g 1 (Cummins and Wuycheck 1971,
Lasenby 1971, Hanson et al. 1997, J. McIntyre, unpublished data). We used a value of
4000 J g 1 for prey energy density for 40-90 mm fish, which prim arily ate mysid
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shrimp. The main species found in Silver Perch diets was Americamysis bigelowi, a 
mysid found in shallow vegetated habitats, with Neomysis americana, a more 
broadly distributed mysid in Chesapeake Bay, also common; energy densities for 
these two species are unknown. We also found that fish in our study consumed 
mysids preferentially for sizes greater than previously reported [Chao and Musick 
1977, Waggy et al. 2009). Lankford & Targett [1977) showed that mysids w ere a 
preferred prey for Weakfish due to their post-consumptive handling efficiency, 
which may be one reason why they are a preferred prey of Silver Perch, especially 
during periods of high fish abundance where density-dependent prey limitation of 
larger crustaceans [e.g., sand shrimp, Crangon septempinosa) could be occurring.
The time of occupancy of Silver Perch in seagrass beds coincides with a period of 
high production, but very little abundance or density data exists for mysids in these 
habitats. Given the prevalence of mysids in the diet over the growing season, 
understanding the population dynamics of this group would be useful for better 
understanding trophic dynamics of Silver Perch, as well as many other YOY 
Chesapeake Bay fishes.
Other studies of juvenile sciaenid rearing have shown that estuarine growth
rate was dependent upon environmental conditions, such as w ater tem perature and
time of settlement [Lankford & Targett 1994, Lanier & Scharf 2007). In fact, w ater
tem perature has been cited as the single m ost im portant factor controlling fish
growth [Fry 1971). With the availability of daily tem perature data in close proximity
to our field sites, and the collection of w ater quality data coincident with fish
collection, we had high confidence in the therm al regime experienced by the fishes
in this study. Because both the consumption and respiration term s are tem perature
dependent, having an accurate picture of thermal regime improved our ability to
accurately estimate growth. Additionally, the tem peratures experienced by fish in
our study were within a small range of tem peratures generally preferred by Silver
Perch. Even so, our application of the bioenergetics model for the tem perature
manipulation/sensitivity analysis illustrated the effect a 1°C tem perature change
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can have, even within the preferred tem perature range. While a consistent increase 
in tem perature is likely to affect the entire foodweb, it is worth understanding the 
impacts to individual species, especially when they occur in high abundance during 
discrete time periods, as Silver Perch does.
Growth and Consumption
Reported growth rates for YOY Silver Perch are variable. Killam et al. (1992) 
reported growth rates of 7-22 mm per month from Tampa Bay; other estim ates 
from the Atlantic Ocean were slightly higher a t 10-30 mm per month (DeSylva et al. 
1962, Chao & Musick 1977). With estim ated growth of 23.2 g over the 122 d 
simulation period, the mean growth rate in this study was approximately 0.19 g d 1 
(5.7 g m onth1), which equates to 0.9 mm d 1 or 27 mm month"1. This value is at the 
high end of reported values, although similar to w hat Chao and Musick (1977) found 
based on histograms, for the same region. Daily growth rates for Spot in North 
Carolina tidal marshes were reported to be approximately 0.03 g g"1 d"1 (Currin et al. 
1984 and references therein); this is slightly lower than our estim ate for Silver 
Perch, which was 0.05 g g"1 d"1 (averaged over model period). This higher growth 
could be attributable to more favorable estuarine rearing conditions during our 
study or improved growth estimates resulting from the combination of field 
observations and the bioenergetics model. While our field-based estim ate of growth 
was imprecise due to the potential for sequential spawning and variance associated 
with individual growth rates as time progressed (Fuiman etal. 2005), the fitted 
bioenergetics model did seem to accurately estim ate realistic and comparable 
growth rates for this species.
Overall, the estimated consumption of 93 g over the 122-d simulation period
is similar to w hat was estimated for other YOY fish in Chesapeake Bay. Hartman and
Brandt (1995b) estimated that an individual YOY Striped Bass consumed 142 g of
prey annually, while a YOY Weakfish consumed 54 g to 296 g in a year. Our value of
93 g fits with these other values, especially since it represents the season of
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maximum consumption for a species with a much smaller maximum size than either 
Striped Bass or Weakfish. A decrease in w ater tem perature associated with 
movement to deeper habitats would low er metabolism and reduce caloric demand 
for the fish.
Abundance and Production
While fitting statistical models to the growth data resulted in several forms 
with reasonably good fits, only GAM approaches adequately captured the 
relationships in the abundance data. During model exploration, we fit Generalized 
Linear Models to the data, but these models could not account for the declining 
trend towards the latter part of the season. The addition of the non-param etric 
smoother for the date factor helped achieve a good model fit with a high degree of 
explained error. It was somewhat surprising that dissolved oxygen contributed to 
explained error in the best model. In early exploratory data analyses, coplots and 
biplots of this factor and the response variable did not show any obvious 
relationship. However, the smoothed function showed a dip in abundance below 5 
mg/L. This factor contributed to explaining variance in the response, as evidenced 
by the increased AIC score with date alone. While low dissolved oxygen was not 
commonly observed in seagrass habitats during this study, it is worthwhile noting 
that Silver Perch abundances appeared to be lower with reduced dissolved oxygen. 
This response has been shown for many species (Kramer 1987, Breitburg 1994).
Estimates of abundance showed a peak during early July, w ith decreasing
numbers, most likely due to high predation mortality but also possibly due to
emigration, thereafter. While two sites (Goodwin Island and Pepper Creek) had very
high abundances during early July, the Browns Bay site did n o t The bi-weekly
sampling may not have captured peak recruitm ent at this site, or perhaps habitat
quality was not as high, and thus, fewer Silver Perch used that area for rearing. The
densities we observed a t peak recruitm ent w ere similar to those observed in other
systems. During peak settlem ent in a Texas seagrass meadow, mean densities of
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Silver Perch ranged from 0.04 fish n r2 to 2.6 fish n r2, depending upon habitat type 
(Rooker et al. 1998). Although the seagrass species (Halodule wrightii, Thalassia 
testudinum) were different than those in lower Chesapeake Bay, this study provides 
a reference of approximate density. Our model-estimated value of 0.2 fish n r2 and 
raw data value of 0.9 fish n r2 both fall within the range observed by Rooker et al. 
(1998). Additional sampling during periods of peak abundance may have aided in 
determining w hether the high abundances we observed were w idespread and 
persistent or if our samples w ere taken through a locally dense patch.
Along with the likely underestim ate produced by the GAM, we should note 
that our overall biomass estim ate also is quite likely an underestim ate even when 
accounting for gear efficiency. As with other traw l surveys, it is probable that our 
sample was not representative of the actual available biomass due to sampling 
error, net evasion, etc., and with the absence of survey-specific efficiency estimates, 
the applied efficiency of 0.25 from Kjelson and Johnson (1978) is our best estimate. 
But, we should note that most of these sites w ere very shallow (on the order of 1.5 
to 2.0 m at high tide) and the otter trawl used likely captured much of the w ater 
column at the time of sampling. Silver perch tend to be demersal in nature, except 
perhaps at night when they prey on mysids that are up in the w ater column. So, the 
bottom trawl was an efficient means for collection and likely captured the bulk of 
the biomass present at the time of sampling.
To our knowledge, mortality rates have not been reported from this region
for Silver Perch. Our daily instantaneous rate of 0.05 (range of 0.03 to 0.08) is high
even for YOY animals, which are known to have very high mortality (J. Hoenig, VIMS,
personal communication). However, the rates for juvenile Spot and Croaker
mortality in tidal marshes w ere estim ated as 0.03 and 0.02 per day, respectively
(Weinstein and Walters 1981, Currin e t al. 1984), so our findings are similar. Currin
et al. (1984) attribute mortality mostly to predation, with cold w inter tem peratures
as an additional source of loss. Improved estim ates of YOY mortality would enhance
our production model. At the outset of this study, we aimed to m easure survival
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[and growth) of Silver Perch using a m ark-recapture study. We tried mark- 
recapture studies in 2010 and 2011, but did not recapture a significant num ber of 
fish in either year to utilize the proposed statistical models for estimating survival. 
Unlike tidal channel systems, our seagrass study site was open, perhaps allowing the 
fish to more readily emigrate. In addition, the sum m er of 2010 was very warm, with 
water tem peratures above 30°C on consecutive days. While eelgrass typically dies 
back in the summer before resuming growth in the fall, during this year, there was a 
large-scale die-off of plants in July, leading to reduced structural habitat (R.J. Orth 
and K. Sobocinski, personal observations). This coincided with a drastic reduction in 
Silver Perch abundance, which likely included many of the animals that w ere tagged.
Production from various habitat types is of in terest to natural resource and 
fisheries managers tasked with conservation and management (NMFS 2010). Our 
overall production estimate of 22.9 g nv2 [when e= l) compares favorably with 
estimates of Spot production from a North Carolina tidal marsh of 0.25-7.5 g n r2 
[Currin et al. 1984). Although the Silver Perch production estimate presented here is 
higher, Spot are known to make use of more habitat types as juveniles (Orth and 
Heck, 1980, Heck and Thoman 1984, Rooker et al. 1998), potentially lessening the 
contribution from any one habitat.
Although we urge caution when interpreting the overall low er Chesapeake
Bay production estimates of 7,415 mt, as differences in production betw een eastern
and western shores of the Bay have been observed for other species (Smith et al.
2008), this value is quite likely an underestim ate as it represents production of only
one cohort through time. As sequential spawners, it is likely that the actual
production of Silver Perch is 5-10-fold higher, based upon our field observations of
the duration of recruits in the system (from June through mid August). However,
these values are presented to express the potential biomass transfer of this known
seagrass-rearing species, which, as w e’ve shown, is substantial. The maximum size
of an individual adult Silver Perch in Chesapeake Bay is approximately 30 cm
(Murdy et al. 1997); thus, this species holds little commercial or recreational
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interest except as b a it However, given its considerable production and standing 
stock biomass during mid- to late-sum m er in lower Chesapeake Bay, it represents 
an im portant trophic link between prim ary consumers and piscivores. Additionally, 
strong habitat affinity to seagrass beds during the juvenile stage provides a direct 
link between these shallow-water systems and deeper Bay waters.
Conclusions
The bioenergetics model combined with field data resulted in a 
comprehensive picture of Silver Perch growth, abundance, and production in lower 
Chesapeake Bay seagrass beds.. While only one species, this study provides a 
comprehensive overview of the value of seagrass habitats to a common and 
seasonally abundant fish in this region. Because this species exhibits seasonal 
migrations to other habitats (deeper w aters within Chesapeake Bay and offshore), 
the biomass produced in the seagrass habitats is exported, contributing to 
production of higher trophic levels via trophic transfer in the near-coastal region.
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TABLES
Table 1. Bioenergetics model param eters for Silver Perch, Bairdiella chrysoura
Symbol Parameter Description Parameter value
Consumption (C) e B1 d 1
CA Intercept for maximum consumption 0.3
BB Exponent for maximum consumption -0.25
CQ Slope for consumption temperature-dependence function 1.78
CTO Optimum temperature for consumption 27
CTM Maximum temperature for consumption 32
Respiration {R) g o ^ d 1
RA Intercept for standard respiration 0.0016
RB Exponent for standard respiration -0.2
RQ Slope for respiration temperature-dependence function 0.08
ACT Activity multiplier 1.25
SDA Specific Dynamic Action coefficient 0.172
Egestion (F) and Excretion (U)
FA Proportion of consumed food egested 0.117
UA Proportion of assimilated food excreted 0.06
Caloric densities (Joules g 1 wet weight)
0 2 Conversion Conversion of 1 g 0 2 to joules 13556
Predator Energy Density
Joules=3910.3*W°14n, W=wet weight in g W=0.1g, PED=2800 J g’1
W=12g, PED=5600 J g 1
Prey Energy Density
Predator Size
<0.25 g, Diet mainly copepods 2900 J g 1
0.25 g to 1 g. Diet mixed copepods, amphipods, mysids 3600 J g 1
1 g to 10 g, Diet mixed mysids, amphipods, shrimp 4000 J g 1
> 10 g. Diet mixed mysids, shrimp, amphipods, fish 4500 J g 1
Temperatures Min=23.2*C, Max=30.3'C, Mean=27.0°C
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Table 2. Model output for field-based growth estim ates for overall models. Models 
were fit to weight data for a cohort by Julian date. Model selection was made by A1C, 
with the Gompertz model having the best fit
Model AIC Parameter Standard Error
______________________________________________ Values/Coefficients_________________________
Linear Intercept Slope Intercept Slope
Weight~Date 5150 -24.427 0.137 -25.23 29.7
Exponential a b a b
Weight~a *exp( Date *b) 5147 0.983 0.031 0.072 0.001
Gompertz a b c a b C
Weight~a*exp(b*exp(Date *c)) 5115 46.073 -4.99 -0.016 18.632 0.269 0.003
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Table 3. Comparison of the base, calibrated, and tem perature-m anipulated bioenergetics 
models. Mean values are averages across the 122 d simulation period; ranges are the 
minimum and maximum during the same period.
Base Calibrated Temperature
Mean Range Mean Range Mean Range
Temp. (*C) 26.97 (23.22,30.25) 26.97 (23.22,30.25) 27.97 (24 .22,31.25)
Weight (g) 1.39 (0 .1 ,5 .01) 8.62 (0 .1 , 22.81) 5.01 (0 .1 ,12 .68)
P 0.50 (0 .5 , 0.5) 0.65 (0 .43 ,0 .82) 0.65 (0.43, 0.82)
Cmax (g/g/d) 0.32 (0 .2 ,0 .53) 0.22 (0 .14 ,0 .53) 0.24 (0.16, 0.53)
f(T)C 0.96 (0.77, 1) 0.96 (0 .7 7 ,1 ) 0.91 (0.54, 1)
C(g/g/d) 0.15 (0 .1 ,0 .26) 0.14 (0 .06 ,0 .38) 0.15 (0.07, 0.39)
C (s/d) 0.17 (0.03, 0.49) 0.76 (0.04, 1.51) 0.50 (0 .0 4 ,1 )
C (J/d) 666.01 (78.0,1944.8) 3253.35 (114.7,6816.6) 2023.42 (116.6 ,4480.4)
R (g/g/d) 0.02 (0.01, 0.03) 0.01 (0 .01 ,0 .02) 0.02 (0.01, 0.02)
R(J/g/d) 252.00 (127.3, 390.6) 183.06 (93.8 , 306.3) 212.97 (114.3, 333.2)
R (i/d) 271.68 (30.4 ,670) 1190.04 (30 .4 ,2399) 851.08 (33.0, 1602)
S 0.02 (0.01, 0.04) 0.02 (0 .01 ,0 .06) 0.02 (0 .01 ,0 .06)
F 0.02 (0.01, 0.03) 0.02 (0 .01 ,0 .04) 0.02 (0.01, 0.05)
U 0.01 (0 .01 ,0 .01) 0.01 (0 , 0.02) 0.01 (0 ,0 .02 )
Non-resp. Losses (J/d) 214.34 (25.1, 625.9) 1047.09 (36.9, 2194.0) 651.23 (37.5 ,1442.0)
Losses (J/d) 486.04 (55.5, 1275) 2237.15 (67.4 ,4374) 1502.33 (70 .5 ,2919)
Net Energy (J/d) 179.97 (-2 .21,670) 1016.21 (47.4 , 2442) 521.09 (-26.39,1561)
Prey En. Dens. (J/g) 3680.33 (2900,4000) 4085.25 (2900,4500) 3930.33 (2900,4500)
Predator En. Dens. (J/g) 3867.80 (2829, 4925) 4954.38 (2829,6117) 4649.39 (2829,5624)
Growth (g/d) 0.04 (0 ,0 .14 ) 0.19 (0 .02 ,0 .4 ) 0.11 (-0 .01 ,0 .28)
GCE(G/C) 0.21 (-0.01,0.33) 0.28 (0 .14 ,0 .5 ) 0.24 (-0 .06 ,0 .49)
Specific Growth (g/g/d) 0.03 (0 , 0.08) 0.05 (0 .01 ,0 .16) 0.04 (-0 .01 ,0 .16)
Total Growth (g) 4.91 23.20 12.58
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Table 4. Model output from abundance estim ates using Generalized Additive 
Models. The best model, using AIC scores, was the model with Julian day and 
dissolved oxygen. Deviance explained is similar to r2 and GCV score is the value of 
the Generalized Cross Validation procedure, which is a leave-one-out fitting method 







GAM.1.2 log.NM2 ~ s(J.Day) + factor(Site) + s(Temp) + s(Sal) + s(DO) 74.0% 557.0 1.15
GAM.2 log.NM2 ~ s( J.Day) + s(Temp) + s(Sal) + s(DO) 73.9% 556.2 1.16
GAM.3 log.NM2 ~ s(J.Day) + s(Temp) + s(DO) 73.0% 555.4 1.14
GAM .4 log.NM2 ~ s(J.Day)+s(DO) 72.9% 554.2 1.13










Figure 1. Map of field sites and general study area at the mouth of the York River in 
Chesapeake Bay, Virginia, USA.
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Figure 2. Base bioenergetics model growth over the model simulation period. Solid blue 
curve shows total daily growth (g d 1), while the dotted ride line shows specific growth (g g- 
1 d 1). This output is for the base (uncalibrated) bioenergetics model, with param eter values 
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Figure 3. Gompertz growth model from field-observed growth data. Form for model is: 
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Figure 4. Bioenergetics model fitted to field data. Blue solid line indicates the base 
bioenergetics model output, where p=0.5. Light green solid line indicates observed weight 
from Gompertz growth model fitted to field data. The dashed navy blue line shows the 
bioenergetics model output once fitted to the observed curve (calibrated model). The solid 
orange line shows the proportionality param eter (p) as it varied through tim e (second y- 
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Figure 5. Estimate of abundance from GAM. Note model and standard erro r are fitted to 
logged values of density.
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Figure 6. Estimates of biomass using the growth estimate from the bioenergetics 
model (blue line, second y-axis) and abundance estimate from GAM for density of 
fish (orange line, y-axis). The seasonal biomass is shown as the dashed dark line, 
peaking shortly after maximum abundance and declining towards the end of the 
summer season. The faint dashed lines represent naive 95% confidence intervals, 
with error of 20% CV added to the growth model. The units for the estim ated 









The overarching goal of this dissertation was to quantify the value of 
seagrass habitats for fishes in lower Chesapeake Bay. In seeking this goal, it was 
necessary to understand the community composition, trophic transfer, and 
production within the seagrass finish community. Predation by fishes results in 
localized trophic transfer within seagrass beds, moving biomass and thus, energy, 
through the food web. By extension, understanding the seasonal use of the habitat 
by common and abundant species allowed for a focus on exported production for a 
model species. While this research did not quantify the total extent of cross-system 
subsidy that seagrass habitats may provide, it did serve to document extensive 
foraging and growth within this habitat type and provided a new approach for 
quantifying export. Given the cosmopolitan distribution of seagrasses worldwide, 
and their documented importance for provisioning fish and invertebrate habitat, 
this study adds to the understanding of this habitat type in Chesapeake Bay, while 
also contributing methods that could be used in other systems to evaluate 
production and subsidy to coastal regions.
While prior researchers had documented the fish community in this region 
(Orth and Heck 1980), the extent of time between those studies and now, combined 
with extensive changes to seagrass distribution (Orth et al. 2006, Orth et al. 2010), 
w arranted an updated census. This provided an opportunity for a formal 
comparison (Chapter 1), while a robust data collection effort provided substantial 
and reliable data on which to base subsequent analyses on trophic interactions 
(Chapter 2) and production (Chapter 3). There are many Chesapeake Bay fish 
species that use eelgrass beds for rearing, including several of the sciaenids (e.g.,
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Spot, Croaker, Silver Perch, Speckled Trout) and many other smaller fish species 
such as blennies, pipefishes, and gobies. These fishes often recruit to eelgrass 
habitats as early-stage juveniles, rear for a period of time, and outm igrate to deeper 
waters as ontogeny forces a switch to larger prey items or as w ater tem perature 
declines seasonally. In addition, for species that reside in seagrass habitats for 
prolonged periods, considerable growth can occur. Understanding consumption, 
especially by abundant species, is an im portant consideration in describing trophic 
transfer, the first step in the conversion of seagrass-derived production into energy 
that is available outside of these habitats.
A thread running through all the chapters presented here is the cost of rising 
seawater tem perature on both the habitat and the nekton residing there. Climate 
change has been implicated in a diversity of ecological responses. These include 
organismal responses, such as physiological changes (Portner 2010), as evidenced 
in the third chapter by the tem perature sensitivity analysis. A 1°C tem perature 
increase resulted in considerably lower growth given constant rations. To account 
for this increase in metabolic cost, fishes will have to consume more, with likely 
costs to their competitors and prey (Kordas et al. 2011). While this research did not 
incorporate extensive physiological work, the shallow systems studied are 
especially sensitive to increased tem peratures, and much of the previous metabolic 
work on fishes (even common species) did not experim ent with the high 
tem peratures we observed in these habitats.
While understanding fish physiology a t high tem peratures may explain 
increased bioenergetic costs, it may also explain shifting distributions of species 
(Walther et al. 2002, Hare et al. 2010, Pinsky et al. 2013). The conclusions regarding 
community change and decreasing species richness in Chapter 1 allude to the 
potential for new species—with different predation strategies, metabolic demands, 
and thermal tolerances—to occupy these habitats. Given the seasonally abundant 
warm-water species already observed, species richness may increase in the long- 
run if these species become established. Climate change has been shown to impact 
fish assemblages in other regions by increasing the presence of species once
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considered endemic to warm er, more tropical w aters (Fodrie et al. 2010) and 
shifting the center of biomass pole-ward, to colder water, for o ther species (Nye et 
al. 2009). Impacts to species distributions will almost certainly change the 
occurrence, timing, and abundance of species within certain specific habitat types, 
such as shallow w ater seagrass habitats, which may be differentially impacted by 
climate change. However, with w intertim e tem peratures in the Bay, and especially 
in shallow habitats, still well below w hat sub-tropical and tropical species can 
tolerate, it seems unlikely that new species will be anything other than seasonal 
visitors. The unique thermal regime of the Bay may be its best protection against 
invasions. It is unique that in such a large estuary, with such a long history of human 
occupation, there are so few invasive fish species in Chesapeake Bay. However, as 
with the introduction of Blue Catfish, Ictalurus furcatus, new species may not take 
long to exact predation pressure on a community, if favorable conditions persist 
(Schloesser et al. 2013). Continued monitoring of these shallow habitats and data 
sharing among surveys targeting different habitats will aid in early detection of 
establishing species.
Improvements and Next Steps
While the results from Chapter 3 dem onstrated the production value of 
seagrass habitats for one species, in reality, a multitude of fishes use these habitats 
in a variety of ways. In some cases the use of seagrass habitats may be opportunistic, 
for example, foraging on high tides at night, as observed during fieldwork. For other 
species these habitats may be considered critical rearing hab ita t Much research has 
centered on the role of seagrasses as nursery habitats (sensu Beck et al. 2001, Heck 
et al. 2003), however, there are habitat use modalities beyond that of the nursery 
role that are im portant in transferring energy from seagrass beds to fishes and to 
fishes in other habitats (Hindell 2006). A further exploration of these various uses 
and the movements associated with them  would enhance our ability to discern the 
rates at which fishes are growing and production is being exported. We assumed an 
end-of-season pulse of export for the Silver Perch study and while this is a common
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usage in Chesapeake Bay, there are o ther time- and space-dependent movements 
that need to be explored.
Quantifying movement of biomass in open m arine systems is difficult 
because fishes are not easy to track, even across short distances. Tools such as 
acoustic arrays have been used successfully (Heupel et al. 2006), bu t they are often 
confined to discrete areas or aligned to capture migrations through a constricted 
area, maximizing detectability. Directed movement studies could aid in 
discriminating movement of species, such as Silver Perch, which are seasonally 
abundant, but somewhat predictably migrate from seagrass habitats to deeper 
waters. Connecting juvenile and adult habitats in general is an area of research that 
is not well-developed (Gillanders et al. 2003) and understanding movement 
patterns over a variety of scales would address this connectivity. For this study, 
Chapter 2 presented a snapshot of trophic interactions in this habitat. The 
complexity of including movement for model groups would have been untenable for 
a dissertation chapter, but it would have improved the realism of the model. In lieu 
of incorporating movement, I used the "diet im port” approach, which acknowledged 
that much of the production was due to foraging done elsewhere, by fishes 
ephemerally using seagrass habitats as part of the seascape.
At the outset of this study, I explored the use of stable isotopes to discern 
habitat use. Interactions between predators and prey from predator diet samples 
can yield valuable information about energy flow in ecosystems. However, diet 
samples are limited in that they represent a tem porally finite snapshot of w hat was 
consumed during the most recent period (typically less than 24 hrs.). To evaluate 
habitat use by mobile predators that may have ranged over many habitats for 
varying amounts of time, a m ore integrative m easure of consumption is desirable. 
Stable isotopes can result in integrative signals from processes that occur over the 
life of the organism; as a result of differential partitioning of isotopes during 
biological reactions, differential signatures are expressed in various tissues (Fogel 
and Cifuentes 1993). Because of the integrative nature of differential isotopic 
uptake, many researchers have incorporated the use of stable isotope analysis into
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descriptions of trophic dynamics (Cunjak et al. 2005, Jaschinski et al. 2008, Schall et 
al. 2008, Maier and Simenstad 2009). While I did not elect to use stable isotope 
analysis here due to the difficulty in differentiating between basal sources, the 
method still warrants consideration, and combined with other techniques could 
improve resolution of movement and growth.
Recent research to emerge since the onset of my study was the work by 
Nelson et al. (2012, 2013) in the Gulf of Mexico. Using a combination of stable 
isotopes (Nelson et al. 2012) and nitrogen budgets (Nelson et al. 2013), these 
researchers showed a seagrass-system subsidy to offshore fishes (mainly groupers) 
via Pinfish, Lagodon rhomboides, a seasonally migrating sparid fish abundant in 
seagrasses in the Gulf of Mexico. The combination of the two approaches, with 
similar resulting export values, shows the value of stable isotopes for this type of 
work, when sources of productivity can be discerned. The use of nitrogen budgets 
and comparison of sources verified the isotope results, while also serving as a proof 
of concept for evaluating subsidies in coastal systems. Biogeochemical approaches 
may be a new avenue for addressing large-scale subsidy questions.
Other researches have used fatty acid biom arkers to answ er specific 
questions related to growth and survival in m arine habitats (Copeman et al. 2008, 
Jaschinski et al. 2008). I also investigated the use of these techniques, but decided 
against their use due to the uncertainty in the stability of fatty acid composition 
during trophic transfer. However, as the method continues to advance, with more 
researchers pursuing ecological questions, it may be a viable technique for future 
studies concerned with trophic interactions and growth.
My attem pts at m ark-recapture studies bear mentioning despite their 
failures. I used both individual coded w ire tags (CWT) and visible im plant elastom er 
(VIE) tags (Northwest Marine Technology, Inc., Shaw Island, WA) to m ark Silver 
Perch in subsequent years, w ith the goal of estimating survival. The CWT tags had 
the added advantage of the potential to detect growth, given that each fish had a tag 
with a unique number (although sampling would have been lethal), bu t the ease of 
use with the VIE tags made them a better field choice. In both years over 1,000 fish
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were tagged, with fewer than 5 recaptured. This recapture rate did not allow for 
analysis. In the second year (2011), the recruitm ent event was not as discrete as in 
the first year (2010), so collecting fish to tag became problematic. In 2010, a large 
mid-summer seagrass die-off resulted in what appeared to be prem ature out­
migration from the habitat, driven either by lack of cover or exceedingly high 
tem peratures. This effort is worthwhile repeating if several tagging team s were 
deployed and a very large num ber of fish could be tagged.
Given the considerable effort required to develop the Ecopath model in 
Chapter 2, future efforts using that model would be desirable. Nesting that model, 
along with an unpublished oyster reef Ecopath model, into the Chesapeake Bay 
model would be valuable. Given the opportunity to make further use of this model, I 
would likely revise the way I dealt with the actual habitat input. Generating a second 
habitat box would allow for some level of transfer between habitats, making the flux 
in and out of the seagrass habitat (as discussed above) more realistic. This would 
take a considerable overhaul of the model, but would be an im provem ent making 
the model more versatile for additional lines of inquiry.
While the ultimate project objective was to describe the transfer of energy 
from eelgrass beds to other habitats via finfishes, understanding the mechanisms 
that contribute to this export function was critical. Thus, the focus of this project 
was on transfer pathways using fish presence and abundance, diet, ecosystem and 
bioenergetics models to construct an overview of biomass transfer within and, in 
the case of Silver Perch, out of the system. This work presents one snapshot in time, 
but it is my hope that it will be used in a continuing effort to m onitor changes to 
these systems into the future. Shallow systems are highly influenced by coastal land 
use and climate, and as such serve as good indicators for changes in the Bay system. 
While many of the species investigated in this study w ere not of commercial or 
recreational importance, their role in supporting species that are highly valued by 
society was hopefully made ev ident The value of seagrasses for habitat provisioning
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is well understood; this study showed that their value extends beyond the small 
area of their occurrence when biomass export is considered.
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